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Abstract

Excessive nutrients have penetrated water bodies worldwide yet our forecasting capabilities remain elusive. This work tests the

shallow and deep hypothesis: chemical contrasts in the subsurface shape nitrate export patterns. We use data synthesis for

228 U.S. watersheds and reactive transport modeling (500 simulations) spanning broad climate, geology, and land conditions.

Data synthesis showed that human perturbation has amplified chemical contrasts in shallow versus deep waters, inducing

primarily flushing patterns (concentration increase with streamflow) in agriculture lands and dilution (concentration decrease

with streamflow) patterns in urban watersheds. Data and model reveal a general relationship between export patterns and

shallow versus deep nitrate contrasts. This underscores the often-overlooked role of N distribution over depth. The results

challenge commonly-held perception that legacy stores in agricultural lands induce chemostasis with negligible concentration

variations with discharge. They suggest nutrient export will exacerbate as extreme events such as flooding intensify in the

future climate.

INTRODUCTION

Eutrophication in rivers, lakes, and coastal areas worldwide has persisted for decades due to intensive agri-
culture and urbanization (Diaz & Rosenberg, 2008; Galloway et al., 2004; Le Moal et al., 2019; Royer et
al., 2006; Van Cappellen & Maavara, 2016; Van Meter et al., 2017). In the U.S. alone, over 60% of U.S.
estuaries and coastal water bodies have been degraded by excessive nutrient inputs (Howarth et al., 2002).
The concentration levels and export patterns of nitrate, a major dissolved nitrogen (N) species, are essential
to understand and quantify N export from terrestrial to aquatic ecosystems. Export patterns are often
quantified using concentration - discharge (C-Q) relationships with a power law of C = a Qb . The C-Q
relationships determine loads of solute export (load = C x Q) and reflect the response of earth systems to
hydrological changes. The value of b indicates different export patterns: a positive, high value means a
flushing pattern where concentrations increase with streamflow, whereas a negative b indicates decreasing
concentrations with streamflow (Godsey et al., 2009; Moatar et al., 2017; Musolff et al., 2015). Chemostatic
patterns (with absolute b values close to zero) occur when concentrations vary little compared to hydrological
variations. These export patterns have important implications on how and how much nitrate exports across
different hydrological regimes. High bvalues with pronounced flushing patterns indicate highly sensitive,
escalated export during extreme hydrological events such as flooding.

Agriculture and urbanization have significantly modified subsurface physical and chemical structures, in-
cluding the spatial distribution of N (Figure 1). Agricultural lands are often characterized by shallow flow
via tile drainage and heavy fertilization that enriches N in shallow soils (Van Meter et al., 2016; Woo &
Kumar, 2019). Urban watersheds represent a different type of human perturbation, often characterized by
impervious surfaces that facilitate surface runoff during storms and sewer pipes that enhance rapid shallow
subsurface flow (Grimm et al., 2008). Nitrogen in urban watersheds can come from a variety of surface
and underground sources including atmospheric deposition, lawn fertilizers, and domestic and industrial
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wastewater (Baker et al., 2001; Divers et al., 2014). Buried leaky sewer systems often elevate the N input
to urban groundwater (Groffman et al., 2003; Pickett et al., 2011). These manipulations do not occur in
undeveloped, pristine watersheds, where N content is often low and tightly cycled (Weitzman & Kaye, 2018).
These differences, in particular their vertical distribution of N content, can lead to distinct C-Q patterns
across different land use conditions.

Given the tremendous human influence, an open question that is key to understand nutrient export is:How
do subsurface physical and chemical structures from different land uses in governing nitrate export patterns?
Contrasting observations in literature do not converge to a unifying framework that answers these ques-
tions. In agricultural lands, both dilution and flushing have been observed (Jiang et al., 2010; Miller et al.,
2017). The common perception is that chemostasis or biogeochemical stationarity prevails in agriculture
lands, primarily due to the large legacy store of nitrogen (N) that induces transport limitation and buffers
concentration variability (Basu et al., 2010; Basu et al., 2011; Thompson et al., 2011). In undeveloped, for-
est watersheds, nitrate concentrations have been shown to often peak during spring floods (Creed & Band,
1998; Creed et al., 1996; Pellerin et al., 2012; Sickman et al., 2003), whereas chemostasis has not been as
commonly observed (Huang et al., 2012; Jacobs et al., 2018). Although much less examined, existing urban
studies have observed both dilution (Duncan et al., 2017) and flushing patterns (Poor & McDonnell, 2007;
Wollheim et al., 2005).

Growing literature has recognized the importance of subsurface structure, particularly the hydrological and
biogeochemical contrasts in shallow and deeper zones in governing nitrate levels, denitrification potentials
(Bishop et al., 2004; Creed et al., 1996; Kolbe et al., 2019), and solute export in general (Musolff et al., 2017;
Zhi et al., 2019). Seibert et al. (2009) developed a flow-concentration integration model that quantitatively
links variations of stream chemistry to flow rates and vertical profile of shallow soil water chemistry. Zhi
et al. (2019) showed that vertical chemical contrasts between shallow soil water and deeper groundwater
can explain diverse export patterns in multiple watersheds under a gradient of climate, geology, and land
cover conditions. Here we propose the shallow versus deep hypothesis: the N concentration contrasts in
shallow and deep zones determine nitrate export patterns under different land use conditions . In particular,
we hypothesize that nitrate concentration contrasts in shallow water (Csw) and deep water (Cdw) differ in
different land uses, and that the magnitude of concentration contrasts governs export patterns. Here “shallow
water” and “deep water” are broadly defined as waters from different depths contributing to streams (Figure
1). The shallow water can come from the shallow surface / subsurface zone that dominates streamflow at
high flow; the deep water may derive from deeper subsurface zones and predominate at low flow. These
shallow and deep waters are loosely defined. In pristine sites, the shallow water may be the shallow soil
water; in agriculture sites, it can be the combination of surface runoff, tile drainage, and soil water; in urban
lands, it may be the runoff from impervious surfaces and shallow subsurface pipes. The deep water is the
groundwater that interacts with streams and carries chemical signatures that are distinctive from shallow
water.

If this hypothesis is true, we expect higher concentrations in shallow water in agricultural lands, leaning
more toward a flushing pattern. In contrast, in urban watersheds, concentrated nutrients accumulated in
leaky pipes in deeper subsurface are often higher than shallow, rapid runoff on impervious surfaces, leading
more toward a dilution pattern (Duncan et al., 2017). Nitrogen in forests and pristine sites can come from
decomposition from organic matter in shallow soils and leaching from N-containing rocks (Mayer et al., 2002;
Montross et al., 2013). In addition, they are often tightly cycled. These characteristics can lead to varied
patterns. We test this hypothesis combining a national-scale synthesis for 228 sites in the United States
data synthesis and mechanism-based reactive transport modeling. Our goal is to propose a general, simple
conceptual model that can explain and quantify export patterns under diverse conditions.

APPROACHES AND METHODS

Water data source. Nitrate data from 228 sites across the contiguous United States were analyzed. This
includes 147 sites from the National Water-Quality Assessment (NAWQA) project, a network established to
monitor stream water quality since 1991 (Spahr et al., 2010). The NAWQA has daily discharge records and
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monthly water quality data across four land use categories: Agriculture, Mixed, Undeveloped, and Urban.
The NAWQA sites have median and mean drainage areas of 150 and 294 km2, respectively. The USGS Water
Quality Watch (WQW) database (https://waterwatch.usgs.gov/wqwatch/) includes 71 sites and continuous
water quality data (5 minutes to hourly) since 2014. The WQW sites are primarily located in the Midwestern
“Corn Belt” (e.g., Iowa, Illinois, Indiana) with sizes ranging from 1 to> 29,000 km2. The USGS discharge and
nitrate data were retrieved from the National Water Information System (https://waterdata.usgs.gov/nwis).

We also examined intensively-measured data in 6 undeveloped and 4 urban sites from research network
sites, including Critical Zone Observatories (CZOs, http://criticalzone.org/national/), Long Term Ecologi-
cal Research Network (LTER, https://lternet.edu/), and Watershed Function Scientific Focus Area (SFA,
https://watershed.lbl.gov/). The 6 undeveloped sites include Shale Hills watershed (CZO, Pennsylvania)
(Brantley et al., 2018), East River and Coal Creek watersheds (Colorado) (Zhi et al., 2019), Sleepers River
Research Watershed (Vermont) (Armfield et al., 2018; Sebestyen et al., 2008), Hubbard Brook Experimental
Forest W1 and W6 watershed (LTER, New Hampshire) (Dittman et al., 2007; LaBaugh et al., 2013). The
four urban sites are Dead Run, Glyndon, Gwynnbrook, and Carroll Park (Duncan et al., 2017; Kaushal et
al., 2008), all located within the Gwynns Fall Watershed (Baltimore Ecosystem Study LTER, Maryland).

Land use classification . The NAWQA sites were classified based on the percentage of major land use
according to the USGS criteria (Spahr et al., 2010). Agricultural sites have > 50% agricultural land and <=
5% urban land; urban sites have > 25% urban and <= 25% agricultural land; undeveloped sites have <= 5%
urban and <= 25% agricultural land; all other combinations of urban, agricultural, and undeveloped land
are classified as mixed. Land use in the WQW sites was compiled from multiple sources including EPA water
quality reports, USGS watershed management plan, USDA watershed assessment report, and the National
Land Cover Database (Hyer et al., 2016; Machesky et al., 2010; Tedesco et al., 2005). Out of the 228 sites,
the numbers of Agriculture, Mixed, Undeveloped, and Urban sites are 61, 78, 49, and 40, respectively.

Concentration-discharge (C-Q) data analysis and estimation of shallow and deep water concen-
trations. A variety of metrics have been proposed for characterizing export regimes, including load-discharge
relationship, temporal inequality of load and discharge, and various forms of concentration and discharge
relationships (Basu et al., 2010; Jawitz & Mitchell, 2011; Thompson et al., 2011; Zhang, 2018). Here we used
the power law form of C = aQb, a common form for cross-site comparison (Godsey et al., 2009; Herndon
et al., 2015). Here C is the nitrate concentration, Q is discharge, and a and b are fitting parameters with b
quantifying the C-Q slopes. For the NAWQA sites with monthly data, C-Q slopes were calculated using all
available paired daily data over multiple years. Duplicate and incomplete records and concentrations below
the Method Detection Limit (MDL) of 0.01 mg/L were excluded for C-Q fitting (Nolan and Stoner, 2000).
Flow-weighted stream concentrations (Cstream in Figures 2 and 3) were calculated by dividing total nitrate
load by total discharge for the entire data period.

The WQW sites have data up to 15 min frequency for multiple years (2-4 years typically). High-frequency
data were aggregated to daily means of discharge and nitrate concentrations. They were then used to
calculate the slope b for each year so that the b values were at consistent time scale as those from NAWQA.
The mean and standard deviation of slope b are reported in Figure 5 and 6. In addition, these high-frequency
stream data were used to infer end-member concentrations in shallow and deep waters. Shallow soil water
often dominates at high flow conditions, whereas deeper base flow predominates in low flow conditions. Based
on this, deep water concentrations (Cdw) were estimated as the average of stream concentrations during low
flows at the 5th percentile of annual discharge. Shallow water concentrations (Csw) were estimated as the
average of stream concentrations during high flows (95th percentile of annual discharge). The concentration
ratio (Cratio) was calculated as Cratio = Csw / Cdw.

Validation of shallow and deep water chemistry estimation.For shallow water concentrations, we
used a recent study that compiled measured stream water and soil water concentration from 94 sites with
diverse land cover (e.g., agriculture, forest, disturbed forest, grassland, urban) across the globe (Sudduth
et al., 2013). To be consistent in land use classification, we grouped “forest”, “disturbed forest”, and
“grassland” in Sudduth et al. (2013) as “undeveloped” in this work. With limited measurements of Csw, we
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cannot directly compare estimated and measured Csw in individual sites. Instead, we examined whether the
relationship between estimated Csw and Cstream from this study is close to the derived relationship between
measured Csw and Cstream from Sudduth et al. (2013). The relationships would be similar if the end-member
estimation could provide a realistic estimation of Csw (Figure 4a).

For deep water chemistry, we used the National Ground-Water Monitoring Network (NGWMN), a compiled
database for groundwater level and water quality (https://cida.usgs.gov/ngwmn/). Based on well location
and data availability, groundwater nitrate data were retrieved from the Midwest (i.e., Minnesota, Wisconsin,
Iowa, Nebraska, Illinois), New Jersey, and Florida for the maximum coverage. Based on the proximity of
sites, a number of sub-regions were selected for comparing estimated vs. measured Cdw (Figure S5). Within
each sub-region, estimated and measured Cdw were averaged and compared (Figure 4b).

Watershed reactive transport modeling. Watershed modeling was carried out using a recently devel-
oped code BioRT-Flux-PIHM, to explore the effects of subsurface vertical profile for N (Zhi et al., 2019).
A base model was set up at the Conewago Creek watershed, a tributary to the Susquehanna River in the
Chesapeake Bay. It drains an area of 136 km2 and is dominated by agricultural (47%), forested (43%), and
developed (17%) lands. The base model reproduced the temporal discharge and the slightly flushing C-Q
pattern as observed at the site (Figure S6 and S7). Monte-Carlo simulations of 500 cases were carried out
to cast the base model results to broader conditions spanning a range of N vertical distribution and reaction
kinetics representing different land use conditions (Figure 6). We then derived a general relationship for the
dependence of C-Q b slope on the ratio of shallow versus deep water concentration (Csw / Cdw). This simple
relationship was further verified byb values estimated based on stream water chemistry from 81 sites, and
a few intensively monitored sites with detailed soil and groundwater measurements. Other details of model
setup and calibration, and Monte-Carlo simulation are in the Supporting Information (SI).

RESULTS

Nitrate concentrations under different land uses. Nitrate data from 228 sites across the contiguous
United States were analyzed (See Detailed Methods). This includes 147 sites from the National Water-Quality
Assessment (NAWQA) project (Spahr et al., 2010) and 71 sites from the Water Quality Watch (WQW)
(https://waterwatch.usgs.gov/wqwatch/) within the United States Geological Survey (USGS), and 10 sites
from intensively monitored sites via research networks in the U.S.. Higher stream nitrate concentrations
generally cluster in the Midwestern “Corn Belt” that is dominated by agricultural and mixed lands, whereas
undeveloped and urban sites consistently have lower nitrate concentrations (Figure 2). The soil water and
groundwater nitrate concentrations (Figure S1, 81 sites) estimated from stream concentrations generally
follow the spatial pattern of stream nitrate concentration, indicating the penetration of nitrate into deeper
groundwater.

Statistical boxplot (Figure 3) confirmed that stream nitrate concentrations (median and mean in mg/L)
decrease from Agriculture (3.2, 4.0), to Mixed (1.4, 2.5), to Urban (0.58, 0.94), and to Undeveloped (0.16,
0.26). The deep water concentrations (mg/L) have a sequence similar to stream water concentrations,
decreasing from Agriculture (2.9, 3.0) to Urban (1.2, 1.7) to Undeveloped land (0.13, 0.25). These values are
close to the national median groundwater concentration (mg/L) of agricultural land (3.1), urban land (1.4),
and major aquifer wells (0.56) (Burow et al., 2010). Compared to pristine sites, agriculture and urbanization
have elevated nitrate level by 3 to 20 times. Agriculture and Mixed lands also show much higher shallow water
concentrations (Csw) compared to deep water concentrations (Cdw), whereas Undeveloped lands exhibit the
opposite trend. The Urban sites are the only land type with Cdw> Csw. Stream and soil water concentrations
correlate strongly with the percentage of agricultural land with the correlation Cstream = 0.28e0.031 × %Ag

(R2 = 0.54) and Csw = 0.35e0.034 × %Ag (R2 = 0.54), respectively. Deep nitrate concentrations do not
correlate well with agricultural area fraction (R2 = 0.25), indicating that other factors might be important
in determining nitrate in deep water (Figure S3).

Estimated versus measured concentrations in shallow and deep waters. Co-located measurements
of stream, soil water, and groundwater concentrations are rare, except in a few intensively measured sites.
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End-member estimation such as hydrograph separation and chemical mixing analysis are often used to
quantify baseflow and quick flow contribution (Raffensperger et al., 2017) and solute concentrations in end-
members (Miller et al., 2017). To validate the estimation of Csw and Cdwusing stream concentration at the
95th and 5th percentiles, we compare estimation from this work (Figure 3a and Figure S1) against literature
data and the National Ground-Water Monitoring Network (NGWMN) database (see Detailed Methods).
Results show that the linear relationship between Cstream and estimated Csw from this work (slope = 0.9,
R2 = 0.94) is close to the linear relationship estimated for 94 sites of diverse land uses covering 4 orders of
magnitude (Sudduth et al., 2013) (Figure 4a), suggesting a strong correlation between Cswand Cstream. The
agricultural sites dominate the top right corner with high Csw and Cstream. Comparison of estimated and
measured groundwater concentrations as a proxy for Cdw exhibits a consistent spatial pattern from closely
located sites in the NGWMN (Figure S5). Most estimated and measured Cdw falls on the 1:1 line in Figure
4b, indicating a close match (Figure 4b). The relatively large error bars of measured Cdw may be due to
varying sampling depths in different wells.

Nitrate export patterns under different land uses. Figure 5 (and Figure S2) showed that although
different export patterns (i.e., multiannual scale C-Q relationship) occur in all land use conditions, more
agricultural sites have high b values and more urban sites have low b values. In other words, flushing
patterns dominate in agriculture and mixed lands. This challenges the existing perception that agricultural
lands typically have chemostatic or biogeochemical stationary patterns (Basu et al., 2010; Basu et al., 2011;
Thompson et al., 2011). Diamond and Cohen (2018) also found that a greater agricultural land cover was
not associated with chemostasis patterns. For urban watersheds, chemostasis and dilution patterns are most
commonly observed but flushing also occurs. In pristine sites, both chemostasis and flushing patterns are
common.

Concentration contrasts in shallow and deep waters drive C-Q patterns. To explain nitrate export
patterns under different land use conditions, we resort to a recently-developed, process-based watershed
reactive transport model BioRT-Flux-PIHM (Zhi et al., 2019) to explore the drivers of C-Q patterns. The
model was set up first to reproduce hydrological and nitrate data in Conewago Creek, a watershed with ˜
47% agricultural land in the Chesapeake Bay. The model has three major water components contributing
to the stream: surface runoff, soil water, and deep water. The shallow water combines surface runoff and
shallow soil interflow water, and the deep water is the groundwater that interacts with the stream. Annually
the shallow and deep water comprise 80.7% and 19.3% of the total discharge, respectively, although at daily
scale the deep water can vary from 1% under dry conditions to 99% during large storm events. The hydrology
aspect of the model captured the general trend that shallow water dominates stream discharge at high flow
and deep water predominates at low flow. The model reproduced the daily discharge dynamics that was
highly responsive to precipitation, as well as daily concentration range, temporal trends, and C-Q patterns
(Figure S6). The slope bfrom the C-Q data is 0.13, and the annual concentrations of shallow water (Csw)
and deep water (Cdw) were 3.8 and 2.1 mg/L, respectively, yielding a Cratio of 1.8.

To cast the model to broader conditions, 500 Monte-Carlo simulations were run using the hydrology and
reaction kinetic conditions from the base case and variable soil N concentrations that yield the representative
range of shallow and deep waters in the four land use types in Figure 1. The model reproduced the range
of soil water and groundwater concentrations and Cratio in Figure 2 (see Methods and Figure S7 for C-Q
relationships in four cases representing four different land uses). In each simulation case, the model outputs
of concentrations and discharge were used to calculate b values and the annual average Csw, Cdw, and
Cratio (Figure S8). Model results from the 500 cases (overlapping gray circles, Figure 6) collapse to an “S”
shaped curve (b = δb Cratio

Cratio, 1/2 + Cratio
+ bmin) that illustrates the consistent dependence of b values on Cratio,

where δb = 1.66 is the difference between maximum b (bmax = 0.73) and minimum b(bmin = −0.93) and
Cratio, 1/2 = 0.80 is the concentration ratio when b = ½ (bmax + bmin). This modeled “S” curve explained the
b values from 81 sites with available Cratio data. The curve shows that most agricultural and mixed lands
have high b values whereas urban and undeveloped lands have lower b values.

DISCUSSION
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The significance of N distribution and processes in the shallow and deep subsurface. Figure 6 sug-
gests that the subsurface N concentration contrast (or Cratio) arising from different land uses predominantly
control export patterns. The representatives of shallow and deep waters, such as soil and groundwater, have
been shown before to correlate well with stream nitrate concentration across different land uses (Sudduth et
al., 2013). The export pattern dependence on concentration contrast echoes the decades-long End Member
Mixing Approach (EMMAS) that uses end-member concentrations to infer stream water chemistry (Hooper
et al., 1990). The spatial data synthesis across the U.S. continent from this work enables the generalization
of this idea across diverse climate, geology, and land use conditions. The physics-based watershed reactive
transport modeling facilitates the derivation of the general equation that can be used to estimate export
patterns based on streamflow concentrations or measured shallow and deep water concentrations.

These shallow versus deep physical contrasts originate from chemical and physical weathering in pristine
sites (Brantley et al., 2017). In urban and agriculture sites, these contrasts arise from human engineering
efforts with tile drains, impervious surfaces, and water pipes that modify environments (Grimm et al., 2008).
The concentration differences in shallow and deep waters arise not only from different subsurface distribution
of N source but also from different processes. In agricultural lands, nitrate concentrations in shallow waters
are high not only because abundant N sources leach nitrate; it is also because denitrification is limited with
the presence of abundant O2. In deeper groundwater, with limited O2, denitrification can occur and reduce
nitrate (Kolbe et al., 2019).

Under broad conditions, the relative magnitude of shallow versus deep water concentrations may hinge on
soil properties and geologic structure. These subsurface structures determine shallow and deep connectivity,
recharge and water table depth (Brantley et al., 2017), as well as local biogeochemical conditions (e.g.,
anoxic condition, organic carbon availability) that control the extent of denitrification and nitrate removal
(Kolbe et al., 2019; Tesoriero et al., 2015). Miller et al. (2017) showed that nitrate export exhibits a dilution
pattern in Tomorrow River, a site with permeable sand and gravel, but a flushing pattern in Duck Creek with
low-permeability clayey soil clayey soils developed from glacial tills. The overwhelming convergence toward
highb values in agriculture lands, however, indicates that the concentration contrasts in shallow versus deep
waters are the predominant control of export patterns.

In urban watersheds, we observe varied export patterns and a large number of sites have higher concentrations
in deep water compared to shallow water. This is possibly caused by underground leaky sewage and pipes
that can contaminate groundwater and surface water (Divers et al., 2013; Lerner et al., 1999; Pennino et
al., 2016). A large number of urban watersheds also exhibit chemostatic patterns, potentially due to the
co-occurrence of both shallow N sources (e.g., lawn fertilizer, pet waste, atmospheric deposition, automobile
emission) and deeper underground input from buried sewage and septic systems. Kaushal et al. (2014) and
Newcomer Johnson et al. (2014) suggest that urban N export can be influenced by the degree of hydrologic
connectivity associated with impervious surface, stormwater infrastructure and sewage pipe, and stream
restoration. Point source discharge from wastewater treatment plant (WWTP) can also increase nutrient
loading (Luthy et al., 2015), potentially contributing to varied export patterns. In arid and semiarid regions
with small urban streams, high nitrate concentration from WWTP can dominate the base flow at the dry
time and become diluted under high flow conditions, resulting in dilution pattern (Marti et al., 2010). In
fact, urban watersheds are complicated as the groundwater-soil-surface water interactions are modified by
the level of urbanization and management, and non-point sources from leaky infrastructure and chronic
groundwater contamination (Kaushal & Belt, 2012).

Limitations, simplifications, and uncertainties . The conceptual model in Figure 1 and the general
b equation in Figure 6 emphasize two end members in shallow and deep zones and are meant to build a
simple relationship between export patterns and major components of water contributing to the stream.
Here we lump the waters into shallow and deep waters components to illustrate the first-order control. Such
simplification is often necessary in practice. In urban watersheds, for example, the impervious surface often
contributes to large surface runoff in storms. Surface runoff however typically dominates as short pulses in
early stages of storm events often resulting in an overall limited contribution of surface runoff to annual
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discharge (e.g., 11% by Pellerin et al. (2008). These temporarily large contributions are followed by rapid
subsurface flow (via underground stormwater pipes) with much longer duration. Field studies typically have
incomplete information (e.g., hydrograph separation, isotopic signature) of contributing flow paths. It is
therefore often necessary to lump different water sources into major compartments (Barnes & Raymond,
2010), in order to capture average behaviors.

With its simplicity, the model does not take into account specifics of individual sites, which can lead to
deviations from the b curve in Figure 6. For example, in some places, N is distributed and processed in
a way that demands more than two end members (Cowie et al., 2017; Miller et al., 2017). The model
also does not explicitly account for N removal in streams. Instream removal depends on a wide variety of
parameters including local climate and seasonality, landscape structure (e.g., topography, hyporheic zone),
and biogeochemical conditions (e.g., nitrate legacy, stream carbon source) (Dodds et al., 2002; Hill, 1996;
Mulholland et al., 2008; Vidon & Hill, 2004). Significant instream N removal can lead to underestimation of
Csw and Cdw but to a different extent. As Csw is estimated under high flow conditions where instream N
removal is often not efficient, it may not be heavily influenced by instream processes (Dodds et al., 2002).
The estimation of deep water concentrations however is based on low flow conditions where instream N
removal can be highly effective such that Cdw may be underestimated. This possible different extent of
underestimation can shift Cratio (= Csw / Cdw) and b values to higher values, moving data points toward
the top right end of the d b curve. This may be the reason that some data points from Ag and Mixed fall in
the right-hand side of the b curve in Figure 6.

Inferring shallow and deep water chemistry from stream chemistry. This study indicates that we
can infer shallow and deep water chemistry from streamflow chemistry under different flow regimes. This is
important as detailed subsurface characterization and concentration measurements are often limited to only
a few long-term monitoring sites in developed countries (Brantley et al., 2018; Gran et al., 2019), although we
often claim an era of “big data”. As shown in Figure 6, few intensively measured watersheds have both soil
water and groundwater chemistry measurements. The extrapolation of shallow and deep water chemistry
from high flow and low flow stream chemistry therefore enables estimation of water chemistry (without
digging holes in the ground) to infer possible export patterns and loads. This approach can be applied not
only for nitrate, but also for other solutes in general.

N export under changing climate. The agriculture sites have increased nitrate concentrations in shallow
and deep waters by 15-20 times and 9-16 times, respectively, compared to undeveloped sites (Figure 3a).
In fact, extensive tile drainage networks in agricultural lands (e.g., 80% of the landscape in the Midwest)
shortcut the shallow water directly to stream, lowers water table (Blann et al., 2009; King et al., 2015). In
effect, these draining tiles decrease vertical connectivity to deeper aquifers (Association, 2018) and therefore
increase concentration contrasts between shallow water (e.g., soil water and tile drainage water) and deep
groundwater, inducing pronounced flushing patterns (Figure 6). The flushing pattern indicates that export
is sensitive to large hydrological events such as flooding, which has been predicted to intensify as the pace
of climate change accelerates (Prein et al., 2017).

On the other hand, if high nitrate in shallow water is redirected more to the deeper subsurface via higher
vertical connectivity, the water will reroute through longer flow paths, enhancing transformation via deni-
trification and nitrate removal (Kolbe et al., 2019). The extent of such transformation will depend on local
conditions. The longer and slower groundwater flow paths however will also lead to decade-to century-scale
time lags between anthropogenic N inputs and riverine outputs (Sebilo et al., 2013; Van Meter & Basu, 2015).
This can present significant challenges for balancing nitrogen budget (e.g., the ‘missing’ N in mass-balance)
(Boyer et al., 2002) and management effectiveness (e.g., land-use management, N-loading reduction) (Sebilo
et al., 2013; Van Meter et al., 2017). In addition, this downward N flux also raises tantalizing questions about
long-term subsurface structure and functioning. How and how much do these man-made, high nutrient levels
elevate carbon effluxes (Zamanian et al., 2018), accelerate weathering processes, and alter watershed functio-
ning (Kaushal et al., 2013; Perrin et al., 2008)? These broader earth system responses can have far-reaching
impacts on carbon and nutrient cycles at the global scale.
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Figures in the main text

Figure 1 . A conceptual figure and hypothesis about nitrate export patterns, exemplified in Concentration-
Discharge (C-Q) relationship under different land use conditions (i.e., Ag = Agriculture, Undev = Undevel-
oped, and Urban). Triangle wedges at the left of each hillslope describe the depth profile of N abundance
with dark and light red represents high and low N abundance, respectively. Here we define two “loose”
end-members: the “shallow” water (from, for example, surface runoff, shallow soils, or shallow pipes) and
the “deep” water (e.g., from deeper zones such as groundwater). Stream water is often dominated by shallow
water under high flow conditions and by deep water under low flow conditions. We propose the shallow versus
deep hypothesis: nitrate concentration contrasts in shallow water (Csw) and deep water (Cdw) drive the export
patterns. If this hypothesis is true, we expect higher concentrations in shallow water in agricultural lands,
leaning toward a flushing pattern. In contrast, in urban watersheds, concentrated nutrients accumulated in
leaky pipes in deeper subsurface are often higher than shallow, rapid runoff on impervious surfaces, possibly
leaning toward a dilution pattern. Nitrogen in forests and pristine sites can come from the decomposition
of organic matters in shallow soils and leaching from N-containing rocks in deeper zones. They are often
tightly cycled with very low concentrations. These characteristics can lead to diverse patterns
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Figure 2 . The spatial pattern of stream nitrate (NO3-N) concentration under Ag (agriculture, 61 sites),
Mixed (Ag + other land use, 78 sites), Undev (Undeveloped, pristine, 49 sites), and Urban (40 sites)
conditions. Please refer to Detailed Methods for the classification of land uses. Compared to undeveloped
sites, agricultural lands generally have elevated stream water concentrations by more than one order of
magnitude.

Figure 3. Nitrate (NO3-N) concentrations: (a) Statistics of stream (Cstream, left box), shallow water (Csw,
middle box), and deep water (often groundwater, Cdw, right box) under different land use conditions. The
Cstream was the direct field measurement from 228 sites while Csw and Cdw were estimated and/or measured
end-member concentrations from 81 sites. The central line in each box indicates the median, and the bottom
and top edges are the 25th and 75th percentiles, respectively. The whiskers extend to the most extreme data
points not considered outliers (not shown). Outliers are defined as data points more than 1.5 interquartile
ranges (IQR, Q3-Q1) below the first quartile (Q1) or above the third quartile (Q3), i.e., < Q1-1.5×IQR or
> Q3 + 1.5×IQR. (b) Cstreamas a function of agricultural land cover. The solid gray line is the fit equation

9



P
os

te
d

on
A

u
th

or
ea

26
F

eb
20

20
—

C
C

B
Y

4.
0

—
h
tt

p
s:

//
d
oi

.o
rg

/1
0.

22
54

1/
au

.1
58

27
34

00
.0

08
12

66
4

—
T

h
is

a
p
re

p
ri

n
t

an
d

h
as

n
ot

b
ee

n
p

ee
r

re
v
ie

w
ed

.
D

at
a

m
ay

b
e

p
re

li
m

in
ar

y.

Cstream = 0.28e0.031 × %Ag(R2 = 0.54), and the dashed gray lines are confidence interval at 99.9%, with upper
and lower bound equations of Cstream = 0.39e0.038 × %Ag and Cstream = 0.20e0.025 × %Ag, respectively.

Figure 4. Validation of estimated Csw and Cdw (this study). (a) A linear relationship (red line with slope
= 0.95 and R2 = 0.94) derived from estimations in this work (colored markers), compared to the linear
relationship (black line, slope = 0.83, R2 = 0.70) from measurements (gray markers) compiled in Sudduth
et al. (2013). The dotted gray circle at the top left corner is an outliner and was excluded from data fitting.
The similar slope and correlation indicate that Cswestimated from stream chemistry approximates measured
Csw. The Cstream from this study are flow-weighted concentrations calculated by dividing annual nitrate load
by annual discharge. (b) Estimated Cdw from this work vs. measured groundwater concentration (as a proxy
for Cdw) from the National Ground Water Monitoring Network. The measured groundwater concentrations
were averaged for close by regions (Figure S5). Most symbols fall close to the 1:1 line, indicating estimated
Cdw can be used to approximate groundwater concentration. Error bars are for one standard deviation in
nearby regions.

Figure 5. Boxplot of slope b under different land use conditions. The slope b was calculated from multiple
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years of low-frequency concentration and discharge data and high-frequency data averaged to daily values
so the focus here is not event-based C-Q (see Detailed Methods). The gray dashed lines are thresholds
separating flushing (b>0.1) and dilution patterns (b<-0.1) from the chemostatic pattern, using b = 0.1 and
=0.1 as thresholds (Herndon et al., 2015; Hoagland et al., 2017). The gray numbers are the fractions of
flushing, chemostatic, and dilution patterns. Two-sample t -tests were performed for statistical analysis: the
single star marker indicates statistical significance at the level of 0.05, and the double star maker indicates
statistical significance at the level of 0.01.

Figure 6 . The dependence of export pattern, or C-Q slopeb , on the ratio of shallow water versus deep
water concentrations (Cratio = Csw / Cdw). The gray line is an ensemble of 500 gray circles from 500
Monte-Carlo simulations under different land use conditions. Each gray circle represents one simulation
with a calculated slope b from simulated C and Q values and Cratio from an annual average of simulated
Csw and Cdw (see Figure S8). The triangles and stars are from individual watersheds: some are based
on measured stream discharge, chemistry, and soil and groundwater concentrations Cratio (triangles), and
others are based on high-frequency stream data (stars). The error bars are for one standard deviation. The
black line represents the fitting equationb = δb Cratio

Cratio, 1/2 + Cratio
+ bmin, which describes the black line and

the dependence of b on Cratio. Here δbis the difference between maximumb (bmax) and minimum b (bmin),
andCratio, 1/2 is the concentration ratio when b = ½ (bmax + bmin). Here bmax = 0.73 andbmin = −0.93,
δb = 1.66, andCratio, 1/2 = 0.80. The agricultural and mixed lands cluster toward high b and Cratio values,
indicating flushing as the predominant export pattern. The urban watersheds lean toward chemostasis (near
zero b ) and dilution (negative b ) patterns. The undeveloped watersheds cover a wide range with more
flushing than dilution patterns.
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Supplementary Methods

Watershed reactive transport modeling. BioRT-Flux-PIHM (BFP) augments the Flux-PIHM family
code and is a recently developed reactive transport module BioRT for modeling watershed hydrological and
biogeochemical processes. The model couples three modules: a multicomponent reactive transport module
BioRT, the land-surface interaction module Flux for processes such as solar radiation and evapotranspiration
(ET), and the surface hydrology module PIHM for hydrological processes (e.g., precipitation, infiltration,
recharge, surface runoff, and subsurface flow). The model simulates both various types of abiotic and biotic
reactions with different reaction kinetics and thermodynamics, including mineral dissolution and precipita-
tion, and microbe-mediated redox reactions, ion exchange, surface complexation, and aqueous complexation.
Detailed features are documented in other publications (Bao et al., 2017; Li, 2019; Li et al., 2017; Zhi et al.,
2019).

Conewago Creek watershed, a tributary to the Susquehanna River in the Chesapeake Bay, was used as a
model Watershed. It drains an area of 136 km2 and is low in elevation (85 – 350 m). Within a total of 47%
agricultural land, many of the main stem and tributary floodplains are actively pastured (33%) or cultivated
for crop production (14%). The rest of the watershed is mostly forested (43%) and developed (17%). Mean
annual precipitation and temperature are 1,100 mm and 10.6 degC, respectively. The USGS has monitored
discharge and water-quality since June 2011 near Falmouth, Pennsylvania (station ID: 01573710). Discharge
record is available at the daily frequency and water quality has been measured bi-weekly.

Model setup and calibration (base case). The model was set up in a spatially implicit manner
with watershed characteristics including initial water and geochemistry conditions, average soil proper-
ties, average land cover, and climate forcing (time series of temperature, wind speed, solar radiation,
precipitation rate and chemistry) based on data from National Elevation Dataset, National Land Cover
Database, Moderate Resolution Imaging Spectroradiometer (Leaf Area Index), and Soil Survey Geo-
graphic Database. The leaching of nitrate from various sources was parsimoniously represented as leaching
from a generic soil solid N (possible fertilizers and Soil organic Matter) with the following reaction and
rate law:Soil N (e.g. fertilizer, SOM)→ NO−3 , whereSOM is soil organic matter (e.g., plant residuals,
biomass). Its rate was represented askAf (Zw) f (T ) f (Sw) , where r is the reaction rate (mol/m3/s); kis
the rate constant (10-9, mol/m2/s); and A is the effective surface area for nitrate leaching (m2), which is
calculated based specific surface area (SSA, m2/g), volume fraction (0.02 m3/m3), and solid density (urea,

1.34 g/cm3). The depth functionf (Zw) = exp
(
−Zw

bm

)
accounts for decreasing soil N concentration along

with depth (Van Meter et al., 2016), where Zw is the water table depth (m) andbm (0.5 m) is a declining
coefficient (Hagedorn et al., 2001; Weiler & McDonnell, 2006). The f (T ) and f(Sw)describe the rate de-
pendence on soil temperature and moisture, respectively (Zhi et al., 2019). The f(T ) takes the widely used

Q10-based formf (T ) = Q
|T−20|/10
10 , whereT is the soil temperature (degC) and Q10 = 2 is the relative

increase in reaction rates when temperature increases by 10 degC (Hararuk et al., 2015; Zhou et al., 2009).
The f(Sw) takes the form off (Sw) = (Sw)n, where n = 2 is the saturation exponent reflecting effects of
soil water content on reaction (Hamamoto et al., 2010; Yan et al., 2016).

The model was calibrated based on the best-fit criteria for the Nash - Sutcliffe efficiency and by reproducing
time series of discharge and C-Q pattern of stream nitrate. The calibrated hydrology parameters are in
Table S1 (with most sensitive ones in bold). The porosity θdefines subsurface water storage with a larger
water storage resulting in a larger baseflow and wide but low discharge peaks. The saturated hydraulic
conductivity KsatV and KsatH are key parameters for recharge of infiltrated water and lateral flow to stream,
influencing the magnitude and timing of discharge peaks. The van Genuchten parameters α and n primarily
control soil water retention and therefore have strong impacts on discharge peaks (Shi et al., 2014). The
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biogeochemical calibration adjusts SSA for soil nitrate leaching reaction. The calibrated SSA is 2.2 m2/g
that is similar to the reported range of 1.7 to 3.5 m2/g (Eghbali Babadi et al., 2019). Groundwater flow
was estimated based on iterative calibration between discharge and stream chemistry. The model and data
comparison is in Figure S6, where the calibrated model generally reproduced the dynamics of baseflow and
discharge peaks and stream nitrate.

Monte-Carlo Simulations. Monte-Carlo simulation (500 cases) were carried out to cast the base model
results to broader conditions representing the four land uses with varying subsurface N-containing material
abundance. The conditions for the 500 simulations were randomly sampled across the uncertainty range
of soil N fraction (0.01% to 1%) (Jurgensen et al., 2017; Shepherd et al., 2015) and groundwater nitrate
concentration (Cdw, 0.1 to 10 mg/L, Figure 3a and Figure S4) while keeping all other hydrological and N
leaching kinetic parameters the same as in the base case. As the volume fraction of soil N increases, the soil
water concentration (Csw) also increase because more NO3

- is leached out. These ranges covered the different
land use types represented with their corresponding soil and groundwater concentration ranges (Figure S8).
For each run, the C-Q slope b was calculated based on the daily model output of concentration and discharge
data. In parallel, annual averages of soil water and groundwater concentrations were used to calculate Cratio

used to plot the b versus Cratio in Figure 6.

In addition, four hypothetical cases for Agriculture, Mixed, Undeveloped, and Urban were simulated based
on available Csw and Cgw to illustrate typical nitrate export patterns under different land use conditions
(Extended Data Figure 7). Similar to the conceptual diagram (Figure 1), results show that agriculture-
dominated land uses (i.e., Agriculture and Mixed) elevated stream nitrate levels and exhibited flushing C-Q
patterns while the Urban land showed a dilution pattern. Undeveloped, pristine land was lowest in nitrate
concentration yet exhibited a flushing pattern due to higher Cratio (= Csw / Cdw).

Supplementary Figures (Figure S1 – S8)

Figure S1. The spatial pattern of shallow water (Csw) and deep water (Cdw) nitrate concentration under
different land use conditions (81 sites). Note that filled circles are estimated end-member concentrations
from high-frequency stream nitrate (Cstream, Figure 2) while star markers are direct field measurements of
Csw and Cdw from intensively studied sites.
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Figure S2. The spatial pattern of C-Q slope b (228 sites), which was calculated by fitting the power law
C = aQbusing all available censored data of nitrate concentration (C) and discharge (Q).

Figure S3. Shallow water (Csw) and deep water (Cdw) nitrate concentration as a function of percent of
agricultural land (81 sites). The solid gray line is the exponential fit while dashed lines are upper and lower
bounds at the confidence interval of 95%. Note that filled circles are estimated end-member concentration
from high-frequency stream nitrate (Cstream, see Methods) while stars are direct field measurements of Csw

and Cdw from intensively studied sites.
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Figure S4. Shallow water (Csw) vs. deep water (Cdw) nitrate concentration (Figure S1, 81 sites). Filled
circles are estimated end-member concentrations from high-frequency stream nitrate (Cstream) while stars
are direct field measurements of Csw and Cdwfrom intensively studied sites.
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Figure S5.Validation of estimated deep groundwater nitrate concentration (Cdw) against field measurements
from the National Ground-Water Monitoring Network. Within each red circle, estimated and measured Cdw

are first averaged and then compared (results see Figure 4b). Red circles are determined by the proximity of
location and data availability (i.e., at least one estimated Cgw point for comparison with measurements). Iowa
and Florida have more direct comparison because there are more estimated Cgw points (triangle markers)
located in these regions and more measured Cgw points (circle markers) in proximity.

Figure S6. Water fluxes and stream nitrate in 2017: discharge (data vs. model, left-Y axis), precipitation
(data, right-1st Y-axis), stream nitrate (data vs. model, right-2nd Y-axis) at Conewago Creek watershed.
Annual precipitation and discharge of 2017 was 1.04 m and 0.47 m, respectively, resulting in a runoff ratio
of 0.45.
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Figure S7. Modeled C-Q relationships from 4 hypothetical cases reproduced typical nitrate export patterns
under Agriculture, Mixed, Undeveloped, and Urban land uses. The 4 hypothetical cases used representative
soil N distribution to reproduce measured shallow water (Csw) and deep water (Cdw) nitrate under each land
use condition (Figure 3). All colored dots are from models. Open pink circles are measured stream nitrate
data measured from Conewago Creek watershed. Dashed lines are C-Q fits for each model case.

Figure S8. The annual average of shallow water (Csw) versus deep water (Cdw) nitrate concentrations from
500 Monte-Carlo simulation cases. Each open circle represents concentrations from one of the 500 runs.
The two gray dashed lines are the thresholds separating flushing (red, b> 0.1) and dilution (blue, b < 0.1)
patterns from chemostatic (gray, -0.1<= b <= 0.1) patterns. This figure shows that as long as Csw / Cdw >
1.7, nitrate exhibits flushing patterns (red); when Csw / Cdw< 0.8, nitrate export exhibits dilution patterns
(blue).

Supplementary Tables

Table S1. Hydrology calibration: key land-surface and soil parameters

Parameter Calibrated value Parameter note

Czil 7.13 Zilitinkevich coefficient
Droot 0.34 Rooting depth (m)
RGL 0.80 Reference visible solar radiation (W/m2)
RS 0.89 Minimum stomatal resistance (s/m)
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Parameter Calibrated value Parameter note

HS 1.42 Water vapor exchange coefficient
KsatH 1.32 Horizontal saturated hydraulic conductivity (m/d)
KsatV 26.7 Vertical saturated hydraulic conductivity (m/d)
Kinf 0.76 Infiltration hydraulic conductivity (m/d)
Dmac 0.31 Macropore depth (m)
θ 0.41 Porosity (m3/m3)
α 4.67 van Genuchten alpha, inversely proportional to pore diameter (m-1)
n 1.88 van Genuchten n, inversely proportional to water retention
Zsoil 1.0 soil thickness (m)

Note that soil properties are initially estimated using pedotransfer function (Wösten et al., 2001) based on
soil composition derived from the SSURGO database. Bolded parameters are the most sensitive parameters
that reproduced stream discharge.
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