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ingly detected in various geological media since the early 2000s. The soil and subsurface environments are the geological media

commonly affected by PFAS. We conducted a comprehensive review of peer-reviewed studies published from 2010 through 2021

concerning the fate and transport of PFAS in subsurface environments. This review is organized into different subsections,

covering the basics of PFAS properties and how they affect the occurrence, fate, and transport of PFAS, the fundamental

processes affecting subsurface transport and fate of PFAS, and mathematical models for describing and predicting PFAS trans-

port behaviors. Mechanisms governing PFAS transport in the subsurface environment, including the sorption of PFAS at the

air-water interface, solid-water interface, and nonaqueous phase liquids-water interface, were explored in detail. Challenges and

future research priorities are identified to better combat the global challenges of PFAS contamination.
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Key Points

• Key physicochemical properties of PFAS affecting their fate and transport
in the subsurface are reviewed.

• Source, occurrence, and distribution of PFAS in various geological media
are discussed.

• Mechanisms controlling PFAS sorption and retardation in the subsurface
are illustrated.

• Effects of solid–water interface, air–water interface, and nonaqueous phase
liquid on PFAS transport and retention are discussed in detail.

• Mathematical models governing PFAS transport and retention in subsur-
face porous media are summarized.

• Challenges and future research priorities and recommendation on PFAS
monitoring, geological behaviors, risk assessment, management, and reme-
diation are identified.
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Glossary of Terms

AFFF Aqueous film forming foam

AWI Air–water interface

CMC Critical micelle concentration

FTSA Fluorotelomer sulfonate acid

GenX Ammonium salt of 2,3,3,3-tetrafluoro-2-(heptafluoropropoxy) propanoic
acid

NAPLs Nonaqueous phase liquids

NWI NAPL–water interface

PFAAs Perfluoroalkyl acids

PFAS Per- and polyfluoroalkyl substances

PFBA Perfluorobutanoic acid

PFBS Perfluorobutane sulfonate acid

PFCAs Perfluoroalkyl carboxylic acids

PFHxA Perfluorohexanoic acid

PFHxS Perfluorohexane sulfonate acid

PFHpA Perfluoroheptanoic acid

PFHpS Perfluoroheptane sulfonic acid

PFNA Perfluorononanoic acid

PFOA Perfluorooctanoic acid

PFOAAmS Perfluoroctaneamido ammonium iodide

PFOS Perfluorooctanesulfonic acid

PFESAs Perfluoroether sulfonic acids

PFSAs Perfluoroalkyl sulfonic acids

SOC Soil organic carbon

SOM Soil organic matter

SWI Solid–water interface

WWTPs Wastewater treatment plants

Ka Acid dissociation constant

Kai Partition coefficient at the air–water interface

Kd Solid–water partition coefficient
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Kni Partition coefficient at the NAPL–water interface

KOC Organic carbon normalized distribution coefficient

KOW Octanol–water partition coefficient

Abstract

Per- and polyfluoroalkyl substances (PFAS), also known as “forever chemicals”,
are manmade chemicals that have been increasingly detected in various geolog-
ical media since the early 2000s. The soil and subsurface environments are the
geological media commonly affected by PFAS. We conducted a comprehensive
review of peer-reviewed studies published from 2010 through 2021 concerning
the fate and transport of PFAS in subsurface environments. This review is or-
ganized into different subsections, covering the basics of PFAS properties and
how they affect the occurrence, fate, and transport of PFAS, the fundamental
processes affecting subsurface transport and fate of PFAS, and mathematical
models for describing and predicting PFAS transport behaviors. Mechanisms
governing PFAS transport in the subsurface environment, including the sorp-
tion of PFAS at the air�water interface, solid�water interface, and nonaqueous
phase liquids�water interface, were explored in detail. Challenges and future
research priorities are identified to better combat the global challenges of PFAS
contamination.

Plain Language Summary

PFAS are a group of manmade chemicals used in a multitude of applications
and commercial products (clothing, cookware, cosmetics, personal care prod-
ucts, and fire extinguishers). Their widespread use has, however, lead to the
release and distribution in terrestrial and aquatic ecosystems. PFAS, due to
their unique properties, are very persistent in the environment as they do not
degrade readily. Unfortunately, they are also toxic to organisms, including hu-
mans. In this review, we discuss the omnipresence of PFAS in water and soil
and explain how PFAS move through subsurface media. There are thousands
of different PFAS compounds, and only few of them have been studied in more
detail and their transport behavior is known. PFAS tend to accumulate at the
air–water interface in vadose zone. Generally, PFAS with long carbon chains
are retained in soils more strongly than short-chain PFAS. Negatively charged
PFAS are more mobile in soils than neutral and positively charged PFAS, and
thus can readily pollute groundwater. Nonetheless, due to their persistence and
slow desorption, even more strongly sorbed PFAS can be a sustained source for
groundwater pollution. We finally identify challenges and future research needs
to address the emerging threat of PFAS contamination of the environment.

1. Introduction

Per- and polyfluoroalkyl substances (PFAS; plural form) are a class of thou-
sands of anthropogenic chemicals containing a fluorinated alkyl moiety of vary-
ing chain length (Figure 1) (Buck et al., 2011; ITRC, 2020; OECD, 2018). Due
to their unique properties (e.g., hydro- and oleophobicity, and high chemical
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and thermal stability), PFAS have been mass-produced and used for a wide
array of industrial applications and commercial products since the 1940s (Buck
et al., 2011; ITRC, 2020; OECD, 2018). These include textiles, packaging,
household products, cosmetics, personal care products, paints, pesticides, and
firefighting foams (e.g., aqueous film forming foams; AFFFs) (Buck et al., 2011;
ITRC, 2020; OECD, 2018). In recent years, PFAS have garnered global atten-
tions because of their persistence, bioaccumulation potential, and toxicity to
wildlife and humans (Buck et al., 2011; ITRC, 2020; OECD, 2018). More than
3,000 PFAS compounds might have been manufactured (Wang et al., 2017),
and the PFAS library is still growing very rapidly due to the improvement of
analytical methods and instrumentation, including ultrahigh-performance liquid
chromatography and high-resolution mass spectrometry.

Figure 1. PFAS family tree including perfluoroalkyl acids (PFAAs), PFAAs
precursors (e.g., perfluoroalkane sulfonyl fluorides and fluorotelomers), and poly-
mers (e.g., fluoropolymers and perfluoropolyethers). PFAAs include perfluo-
roalkyl carboxylic acids (PFCAs), perfluoroalkyl sulfonic acids (PFSAs), perflu-
oroalkyl phosphonic acids (PFPAs), perfluoroalkyl phosphinic acids (PFPiAs),
perfluoroether carboxylic acids (PFECAs), and perfluoroether sulfonic acids
(PFESAs). Molecular structures of typical PFAS compounds (in red) including
anionic PFOA and PFOS, C8/C8 PFPiA, cationic perfluoroctaneamido am-
monium iodide (PFOAAmS), and zwitterionic 6:2 fluorotelomer sulfonamide
alkylbetaine (FTAB) are highlighted.
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Recently, PFAS have been increasingly detected in wildlife, including inverte-
brates, fish, amphibians, reptiles, birds, and mammals worldwide (Ahrens, 2011;
De Silva et al., 2021; Giesy and Kannan, 2001). Also, humans are exposed to
PFAS through a wide variety of pathways such as dietary ingestion, drinking
water ingestion, personal care products and cosmetics exposure, dust inhala-
tion, and indoor air exposure (De Silva et al., 2021; Morales-McDevitt et al.,
2021; Sunderland et al., 2019). Multiple lines of evidence have shown the links
between PFAS exposure and adverse human health effects, such as endocrine
disruption, hepatic, reproductive, and developmental toxicity, kidney and tes-
ticular cancer, neurotoxicity, immunotoxicity, and genotoxicity, particularly for
pregnant women, fetuses, and children (Figure 2) (ATSDR, 2021; C8 Science
Panel, 2012; IARC, 2017). To mitigate potential adverse effects, the U.S. Envi-
ronmental Protection Agency has issued a health advisory level for two primary
PFAS compounds, i.e., perfluorooctanoic acid (PFOA) and perfluorooctanesul-
fonic acid (PFOS) (Figure 1) in drinking water at 70 ng/L in 2016 (USEPA,
2016a; b). Certain U.S. states have begun to promulgate even more stringent
limits for PFOA, PFOS, and other PFAS, attempting to minimize the potential
adverse impacts of PFAS to human health, wildlife, and the environment (Post,
2021). These include perfluorobutanoic acid (PFBA), perfluorobutane sulfonate
acid (PFBS), perfluorohexanoic acid (PFHxA), perfluorohexane sulfonate acid
(PFHxS), and perfluoroheptanoic acid (PFHpA) (Figure 1) (Post, 2021).

Figure 2. Effects of PFAS on human health. PFAS exposure is linked to
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thyroid disease, increased cholesterol level, liver damage, kidney cancer, and
testicular cancer, particularly for pregnant women, fetuses, and children (e.g.,
delayed mammary gland development, reduced response to vaccines, and lower
birth weight). Sources: U.S. National Toxicology Program (ATSDR, 2021), C8
Science Panel (2012), IARC Working Group on the Evaluation of Carcinogenic
Risks to Humans (2017), Barry et al. (2013), Fenton et al. (2009), and White et
al. (2011). European Environment Agency, 2021, “Effects of PFAS on human
health (https://www.eea.europa.eu/signals/signals-2020/infographics/effects-
of-pfas-on-human-health/view) accessed on 10/05/2021”. Copyright: European
Environment Agency (reproduction with permission).

Understanding the fate and transport of PFAS in different geological media
is needed to evaluate their potential risks and develop effective strategies for
managing and remediating contaminated sites. The soil and subsurface envi-
ronments are the geological media commonly affected by PFAS, primarily be-
cause of the disposal of PFAS-containing waste materials, application of PFAS-
containing biosolids, and the use of PFAS-based film-forming forms for fire-
training and fire suppression activities. The number of studies investigating the
fate and transport of PFAS in subsurface environments, as well as the effects of
PFAS properties and geological factors (e.g., soil and water chemistry) on these
transport processes has increased considerably in recent years. To facilitate the
identification of general PFAS transport patterns, reviews have been complied
on how geological factors particularly including environmental parameters affect
the transport and retention of PFAS in subsurface environments. For example,
Sharifan et al. (2021) recently performed a systematic review on the source,
distribution, and speciation of PFAS in the vadose zone and how the physico-
chemical processes affect the sorption, biotransformation, and plant uptake of
PFAS in soil. Borthakur et al. (2021) reviewed the roles of suspended particles
on the distribution of PFAS in surface runoff, surface water, and subsurface
soil. Sima and Jaffe (2021) discussed the sorption mechanisms (isotherms and
kinetics) of PFAS in soil. These reviews have provided important insights into
advancing our understandings of the mechanisms controlling PFAS transport
in surface and subsurface environments. However, these reviews have mostly
focused on legacy PFAS (e.g., anionic PFOA and PFOS; Figure 1). Recently,
numerous cationic and zwitterionic PFAS compounds have been identified (e.g.,
cationic perfluoroctaneamido ammonium iodide (PFOAAmS), and zwitterionic
6:2 fluorotelomer sulfonamide alkylbetaine (FTAB); Figure 1) (Barzen-Hanson
et al., 2017b; Xiao, 2017). Furthermore, a few PFOA and PFOS alternative
compounds have been identified in the environmental and drinking water sam-
ples (Heydebreck et al., 2015; Sun et al., 2016), which may pose a potential
risk to the human health. Additionally, recent studies have demonstrated that
PFAS transport can be retarded in the vadose zone due to the adsorption on air
(e.g., at the air–water interface; AWI) (Brusseau, 2018; Brusseau et al., 2019;
2021). However, our knowledge on the fate and transport of these novel PFAS
compounds in subsurface environments (e.g., in the vadose zone rich in AWIs)
remains limited.
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In this critical review, we provide a state-of-the-art synthesis of the scientific
advancement on how the properties of PFAS, in concert with geological fac-
tors (soil and water chemistry) influence the sorption, retardation, and trans-
port of both conventional (e.g., anionic) and novel (e.g., cationic and zwitteri-
onic) PFAS in subsurface environments (Figure 3). We performed a systematic
literature search on Web of Science (https://www.webofscience.com/), Scopus
(https://www.scopus.com/), and Google Scholar (https://scholar.google.com/).
Inclusion criteria were original studies or review articles on the fate and trans-
port of PFAS published in English-language journals between 2010 and 2021.
We surveyed the environmental concentrations of PFAS in soil, surface water,
sea, ocean, and groundwater to demonstrate that their transport potential is
strongly impacted by their perfluorinated carbon chain length, functionality,
and polarity (Figure 1). Moreover, we evaluated how nonaqueous phase liquids
(NAPLs) affect the mobility and retardation of PFAS in the subsurface. We
then summarized the mathematical models that can describe and predict the
transport of PFAS in unsaturated and saturated zones. We conclude our review
by identifying key challenges and future research priorities for PFAS monitoring
and identification, geological behavior, risk assessment, and contaminated site
management and remediation to combat the vexing PFAS contamination.

Figure 3. Major contamination sources (e.g., AFFFs, WWTPs, PFAS produc-
tion facility, household release, and biosolid use in agriculture), and processes
affecting the fate and transport of PFAS in different geological media (e.g., atmo-
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sphere, soil, surface water, and groundwater). Key interfaces such as air–water
interface (AWI) in the vadose zone, solid–water interface (SWI), and NAPL–
water interface (NWI) affecting PFAS transport and retention are highlighted.

1. PFAS Classification and Physicochemical Properties

(a) PFAS Classification

The U.S. Environmental Protection Agency categorizes PFAS into long-chain
(� 8C) and short-chain (� 7C) PFAS, based upon the total carbon number in
PFAS molecules (USEPA, 2009). PFAS family can be further categorized as per-
fluoroalkyl acids (PFAAs), polyfluoroalkyl substances, and polymers including
fluoropolymers and perfluoropolyethers (PFPEs) (Figure 1) (Wang et al., 2017).
Perfluoroalkyl carboxylic acids (PFCAs, e.g., PFOA) and perfluoroalkyl sulfonic
acids (PFSAs, e.g., PFOS) are two most important classes of PFAAs, which have
received significant scientific and regulatory attention. This is largely due to the
widespread use (e.g., PFOS in AFFF formulations; Figure 3) (SERDP-ESTCP,
2017) and higher concentrations of PFAAs in the environment compared to
other PFAS compounds. In contrast, perfluoroalkyl phosphinic acids (PFPiAs),
and perfluoroether carboxylic and sulfonic acids (PFECAs and PFESAs) have
been largely underexplored by the scientific community. PFOA and PFOS
have phased out of production since 2015 in the U.S., but they are still ubiqui-
tously abundant in the environment, including surface water and groundwater
(Anderson et al., 2019; Brusseau and Van Glubt, 2019; Hatton et al., 2018).
Furthermore, various studies have documented that PFAAs, including PFOS
and PFOA, can be generated from precursor compounds in chemical (Xiao et
al., 2018; Zhu et al., 2019), biological (Lenka et al., 2021; Mejia-Avendano et
al., 2016; Xiao et al., 2018), and thermal processes (Sasi et al., 2021; Xiao et al.,
2020; 2021).

Short-chain PFAS such as C4 PFBA and PFBS have been widely manufactured
to replace the long-chain PFAS. While a consensus has been reached on that
shorter-chain PFAS have less potential for bioaccumulation and higher mobility
in the environment, little research is available on their environmental impacts
and potential human health risks (Brendel et al., 2018; Li et al., 2020). Es-
pecially, shorter-chain PFAS are more recalcitrant against transformation and
degradation in certain systems due to the stronger carbon–fluorine (C–F) bonds
with greater persistence and lifespan in the environment (ITRC, 2020).

1. PFAS Physicochemical Properties

PFAS are usually in a solid physical state at room temperature but can be
dissolved in water to a limited degree. Several short-chain PFAS (e.g., C4 PFBA
and PFBS) are shown in a liquid phase at room temperature and easier to be
dissolved in the water (Williams et al., 2017). Generally, PFAS with longer
carbon chain have lower water solubility. However, data on solubilities are
rare. PFOS and PFOA, two of the more studied PFAS compounds, have water
solubilities of 550–570 and 9,500 mg/L, respectively, at 25 °C (USEPA, 2014).
PFAS are chemically and thermally stable under room environment. However,
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some PFAS compounds may be light sensitive (e.g., PFBS), and can interact
with air (e.g., PFBA and PFBS) and need to be stored in cool conditions (e.g.,
PFBA). PFAS may show a strong acidity (low acid dissolution constant; pKa)
when they are paired with an acid functional group.

Many PFAS are surfactants with a special molecular structure: consisting of
a hydrophobic fluoroalkyl chain (repellent to the liquid for both oil and water)
with hydrophilic functional group (attracted to aqueous liquids) at one end (Fig-
ure 1). With this unique molecular structure, PFAS exhibit surfactant-related
properties that determine their fate, sorption, and transport in the natural
environment. Like a typical hydrocarbon-based surfactant, low concentration
of PFAS can mix with a polar liquid to reduce its surface tension. Unlike
hydrocarbon-based surfactants, however, the perfluorinated chain of PFAS is
both hydrophobic (water repellent) and oleophobic (oil and fat repellent) (Xu
et al., 2017), while the polar functional moiety is hydrophilic. This unique at-
tribute suggests that PFAS compounds tend to concentrate at the interfaces.
The stable molecular structure of PFAS also explains their high resistance to
environmental transformation, including biodegradation, photooxidation, direct
photooxidation, direct photolysis, and hydrolysis (Buck et al., 2011; ITRC,
2020).

The hydrophobic and oleophobic properties limit their concentration in the soil
pore water, which causes strong accumulation of PFAS at the air–water inter-
face (AWI) in the vadose zone (Anderson et al., 2019; Brusseau et al., 2021). In
general, the surface tension of soil solution decreases with increasing PFAS con-
centration. Current research efforts have focused largely on individual PFAS,
and rarely considered PFAS mixtures, although the PFAS at contaminated sites
are known to occur as complicated PFAS mixtures (Anderson et al., 2016; Mc-
Gregor and Zhao, 2021). Only a few studies have reported the surface tensions of
PFAS mixtures (Figure 4), and generally the compound with the lowest surface
tension controls the overall surface tension/activity of the mixtures (Brusseau
and Van Glubt, 2019; Vecitis et al., 2008). For example, Vecitis et al. (2008)
reported that the surface tension curve of PFOA–PFOS binary mixture over-
laps with that of PFOS since surface tension of PFOS is lower than PFOA
(Figure 4c). Silva et al. (2021) conducted similar surface tension measurements
for PFCA mixtures, and reported that competitive adsorption between PFAS
compounds occurs at the AWI, in which the adsorption is controlled by the com-
pound with greater surface activity (Figure 4b). An exception was documented
by Schaefer et al. (2019) with mixtures of PFOS and fluorotelomer thioether
amido sulfonate, i.e., the mixtures exhibited intermediate effects on surface ten-
sions as compared to the individual compounds. These findings suggest that
the interfacial sorption of mixed PFAS is not impacted by each other. The rela-
tionship between the surface tension of mixtures and their concentrations is not
always consistent. For instance, the aqueous solution of oppositely charged sur-
factant mixture shows a more surface-active character (lower surface tension)
compared to that of individual surfactants, due to the formation of an ionic
complex between oppositely charged surfactants (Tajima et al., 1979). There-
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fore, more studies are needed to investigate the surface tension properties of
PFAS mixture, particularly including novel different charged PFAS compounds
(Figure 1).

Figure 4. Surface tension of individual PFAS compounds and PFAS mix-
tures as a function of concentration. Data for panels (a–d) were extracted from
Brusseau and Glubt (2019), Silva et al. (2021), Vecitis et al. (2008), and Schae-
fer et al. (2019), respectively. Copyrights: 2019 Elsevier (a), 2021 Elsevier (b),
2008 American Chemical Society (c), and 2019 American Chemical Society (d)
(reproduction with permission).

The critical micelle concentration (CMC) is an important characteristic of sur-
factants, because at this concentration the chemicals will aggregate and form
colloidal (micelle) suspensions in solution, thereby changing the overall surface
properties and the sorption and transport behavior in geologic media. The CMC
of PFAS depends on their surface tension. Long-chain PFAS (e.g., PFOA) can
form hemi-micelle when their concentrations range between 0.01–0.03-folds of
their CMCs (Xiao et al., 2011; Xu et al., 2020). The surface activity of surfactant
mixtures could be complex, depending on the interactions between different sur-
factants. Research on the surface activity of fluorocarbon surfactant mixtures is
seldom, but we can get some insights from studies on fluorocarbon-hydrocarbon
surfactant mixtures and hydrocarbon-hydrocarbon surfactant mixtures. For
example, adding dissimilarly charged hydrocarbon surfactants to anionic fluo-
rocarbon surfactants is observed to decrease the CMC of PFAS by 60%, 75%,
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and 30-folds, when adding nonionic surfactant, zwitterionic hydrocarbon sur-
factant, and cationic hydrocarbon surfactants, respectively (Brusseau and Van
Glubt, 2019). In contrast, the CMC of mixed similarly charged fluorocarbon-
hydrocarbon surfactant increases due to the antagonistic behavior from repul-
sive interaction between two different hydrophobic groups. Thus far, only one
relevant study reported the CMC of fluorocarbon-fluorocarbon surfactant mix-
ture (Yoda et al., 1989). Mixing two surfactants with similar hydrophobic
groups, including hydrocarbon-hydrocarbon and fluorocarbon-fluorocarbon mix-
tures, showed a good mixing behavior. Specifically, the CMC of the mixtures
ranges between the highest to the lowest CMCs of the individual surfactants.
Furthermore, the CMC of mixtures generally varies as a smooth monotonic func-
tion, depending on the mass fraction of individual surfactants in the mixtures
(Yoda et al., 1989). Most reported CMCs of individual PFAS compounds are
much higher than the concentrations observed in groundwater, even considering
the fact that the CMCs of PFAS vary with environmental conditions (e.g., pH,
ionic strength and composition, and co-contaminants) (Bhhatarai and Gramat-
ica, 2011; Brusseau, 2018; Fang et al., 2019). Therefore, the surface tension of
PFAS mixtures at concentrations below CMCs is more practically important,
particularly with regard to understanding their fate and transport in different
geological settings such as vadose zone and groundwater.

1. PFAS Source, Occurrence, and Distribution

Understanding the source, occurrence, and distribution of PFAS in subsurface
environments is a prerequisite for assessing the contamination status, managing
exposure risk, and developing effective management and remediation strategies
for contaminated sites. While PFAAs, including PFOA and PFOS, are per-
haps the most commonly monitored and reported PFAS in the environment
on a global scale (Muir and Miaz, 2021; Podder et al., 2021), many other
classes of PFAS, such as GenX (the ammonium salt of 2,3,3,3-tetrafluoro-2-
(heptafluoropropoxy) propanoic acid) and polyfluoroalkyl substances, have re-
cently been increasingly detected in various geological media (e.g., soil, surface
water, river, sea, ocean, and groundwater) (Xiao, 2017). PFAS can result from
manufacturing and use of these chemicals and related products, as well as from
the transformation of precursor compounds in environmental and engineered
systems (Mejia-Avendano et al., 2016; Xiao et al., 2012; 2018). PFAS can be re-
leased to the aquatic environment through direct and indirect pathways (Figure
3). Direct pathways include atmospheric deposition (Scott et al., 2006; Simcik
and Dorweiler, 2005), AFFF use in airports and military fire-training areas, and
accidental release (Moody et al., 2002). Land applications of biosolids and mu-
nicipal sludge from wastewater treatment plants (WWTPs) (Hamid et al., 2018),
and irrigation with PFAS-containing waters are regarded as indirect sources of
PFAS (Figure 3).

1. Atmospheric Deposition

Atmospheric deposition is recognized as one of the major contributors of PFAS
dissemination to aquatic and terrestrial environments (Figure 3), particularly in
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remote (Arctic and Antarctic regions) and rural areas with fewer anthropogenic
sources nearby (Giesy and Kannan, 2001). PFAS present in air can be in the
gaseous form or be bound to particulates due to industrial stack emissions or
through fugitive emissions from manufacturers, storages, and transport in sup-
ply and waste streams (Dreyer et al., 2010). Neutral volatile polyfluorinated
precursors such as fluorotelomer alcohols (FTOHs; Figure 1) are reported as
the dominant polyfluorinated compounds in indoor air (Morales-McDevitt et
al., 2021; Schlummer et al., 2013), where ~60% of detected PFAS are bound
to particulates. This triggers great concerns on human exposure to these neu-
tral volatile PFAS, since humans typically spend ~90% of their time indoors
(Morales-McDevitt et al., 2021). In addition to neutral volatile polyfluorinated
precursors, gaseous and particle bound PFAS may be ionic species, such as
legacy PFOA and PFOS and new PFAS alternatives (e.g., perfluoroalkyl ether
carboxylic acids and GenX) (D’Ambro et al., 2021; Shimizu et al., 2021). A
few studies have revealed wind as an important vector of airborne PFAS (Bar-
ton et al., 2010; Schroeder et al., 2021; Xiao et al., 2015). For instance, Xiao
et al. (2015) found that the levels of PFOA and PFOS in soil decrease more
rapidly in the upwind direction than in the downwind direction from a point
source of contamination. This suggests wind as a potential pathway for off-site
transport of airborne particle-bond PFAS. The atmospheric lifetime of certain
polyfluorinated species is several days (Sharifan et al., 2021), which can undergo
atmospheric oxidation to form other species, including PFAAs, before eventu-
ally reaching to the Earth’s surface via wet or dry deposition (Shimizu et al.,
2021). Atmospheric deposition can cause widespread dissemination of PFAS to
soil, but the maximum PFAS soil contamination generally occurs within tens
to hundreds of km from the sources (e.g., fluorochemical manufacturers), as
predicted by Gaussian diffusion models (D’Ambro et al., 2021; Shimizu et al.,
2021; Zhou et al., 2021).

1. Use and Application of PFAS-Containing AFFFs

Aqueous film forming form (AFFF) formulations have been used to extinguish
hydrocarbon fuel fires since the 1960s (Anderson et al., 2016; SERDP-ESTCP,
2017; USGAO, 2018). The military sector is estimated to consume 75% of the
AFFFs on the market, with the remaining (25%) being used by municipal air-
ports, refineries, fuel tank farms, and other industries in the U.S. (Darwin, 2011).
AFFF formulations are highly effective in suppressing fires, and they work by
coating the burning material with a foam, thereby cutting off the supply of
oxygen (SERDP-ESTCP, 2017). AFFF formulations are a complex proprietary
mixture of chemicals with various hydrocarbon- and fluorine-containing surfac-
tants that include 1–4% (w/w) PFAS (ITRC, 2020; Luo et al., 2020). AFFF
formulation is typically diluted to a 3–6% (v/v) as a solution concentrate for use
in fire suppression (Leeson et al., 2021; Silva et al., 2019). Hundreds of PFAS
species have been identified in AFFF formulations with a significant amount of
PFOS, PFHxS, and other PFSAs and PFCAs (Field et al., 2017). For instance,
the AFFF formulations manufactured by 3M in 1993 include 78% PFSAs and
3% PFCAs (Field et al., 2017). These belong to legacy AFFFs produced mainly
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by electrochemical fluorination process (Buck et al., 2011). After the voluntary
phaseout of PFOS and its precursors around 2000, manufacturers start to pro-
duce AFFFs heavily through the fluorotelomerization process, which generates
fluorotelomer alcohols (6: 2 and 8: 2 FTOH; Figure 1) (Backe et al., 2013; Buck
et al., 2011). The use of both legacy (via electrochemical fluorination) and con-
temporary (via fluorotelomerization) AFFFs has caused PFAS contamination
in adjacent surface water, groundwater, soil, sediment, and biota (Leeson et al.,
2021; Ruyle et al., 2021a). PFOS is still the major species in AFFFs-impacted
sites due to historical mass production and application. Nonetheless, recent
findings based on nontargeted high resolution mass spectrometry analyses show
that fluorotelomers (e.g., n: 2; n = 4, 6, and 8; Figure 1) account for 90% of
PFAS mass in contemporary AFFF products (Ruyle et al., 2021b). Houtz et al.
(2013) found that precursor compounds of PFAAs accounted for 41�100%, 23%,
and 28% of the total concentration of PFAS in AFFF samples, groundwater, and
solid samples, respectively. Houtz et al. (2013) believed that much of the mass
of precursor compounds originally present in AFFF was converted to PFAAs
once released to soil and groundwater. More than 400 sites have been identified
in the U.S. where known or suspected release of PFAS to soil has occurred due
to the use of AFFFs for fire training (DOD, 2017). It is imperative to obtain
a more comprehensive understanding of PFAS transport in AFFF-impacted ar-
eas to facilitate the development of appropriate management and remediation
strategies.

In addition to anionic PFOS and fluorotelomers, cationic and zwitterionic PFAS
(Figure 1) have been increasingly detected in AFFFs and AFFFs-contaminated
soil and water samples (Backe et al., 2013; D’Agostino and Mabury, 2017; Nick-
erson et al., 2021; Xiao et al., 2017). Cationic and zwitterionic PFAS accounted
for ~50% of newly identified PFAS compounds (Xiao, 2017), and have been
found to compose up to 97% of the total PFAS mass in soils of a fire-training
area (Nickerson et al., 2021). D’Agostino and Mabury (2017) reported that a
few of cationic and zwitterionic PFAS compounds were widespread in Canadian
surface waters. Many of these compounds are structurally similar to PFAAs,
except that the perfluoroalkyl chain is attached to a non-fluorinated moiety that
may degrade to form PFAAs (thereafter referred to as precursor compounds of
PFAAs). For example, certain cationic and zwitterionic PFAS can convert to
PFAAs (e.g., PFOA and PFOS) through oxidation pathways (Xiao et al., 2018)
or biotransformation in terrestrial invertebrates (Jin et al., 2020). Nickerson
et al. (2021) performed a comprehensive study on PFAS in both soil (N =
105) and groundwater (N = 58) samples collected from an AFFF-impacted site.
The authors found that PFAS concentrations were usually higher at depth than
near the surface in soil (Nickerson et al., 2021), which is consistent with the
previous findings reported by Xiao et al. (2015). In particular, the percentage
of branched PFOS increased with depth, which agrees with the sorption capac-
ities of linear and branched PFOS isomers to soil (Xiao et al., 2015). On the
other hand, the in situ transformation of fluorotelomer compounds can cause
an enrichment of linear PFOA (Xiao et al., 2015). Similarly, Adamson et al.
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(2020) observed that PFAAs and their precursor compounds accounted for 48%
and 52%, respectively, of the total PFAS mass measured in AFFF-impacted
sites. Zwitterionic and cationic PFAS were primarily reported in the source and
up/side-gradient areas, representing 83% of the total precursor mass. The au-
thors also estimated that the conversion rate of precursor compounds to PFAAs
was >2% annually. These findings suggest a low mobility of cationic and zwit-
terionic PFAS chemicals, likely due to the strong adsorption by soil (Xiao et al.,
2019). Nonetheless, more research is still needed to better unravel the compo-
sition of AFFF-contaminated geological media, particularly for the novel PFAS
and their transformation products in the environment.

1. Reclaimed Wastewater for Irrigation and Biosolids

Besides AFFFs use, municipal and industrial waste disposal sites, WWTPs,
landfills, and biosolids are also major sources of PFAS contamination (Figure
3). Wastewater acts as a significant determinant of PFAS pollution in urban wa-
tersheds. In the U.S., there are currently no regulatory limits for PFAS in indus-
trial wastewater, meaning that chemical plants do not have to control the release
of PFAS in their wastewater; however, legislation to establish such limits is un-
derway [Hogue, 2021]. Conventional wastewater and sludge treatment systems
have been reported to be ineffective in removing PFAS (Arvaniti and Stasinakis,
2015). For example, Xiao et al. (2012) reported concentrations of PFAAs in
the influent and effluent from 37 WWTPs and concluded that conventional and
advanced and/or tertiary wastewater treatment (e.g., UV sterilization) did not
significantly remove PFAS from wastewater. Instead, concentrations of studied
PFAAs, including PFOA and PFOS, increased after biological wastewater treat-
ment in certain surveyed WWTPs (Xiao et al., 2012). These findings indicate
the de novo formation of PFAAs, which is likely due to the biodegradation of
precursor compounds in WWTPs (Xiao et al., 2012).

In the U.S., the PFAS content in biosolids is estimated to be 500–6,000 µg/kg
(Ghisi et al., 2019), depending upon the nature of treatment processes from
where PFAS are released, as well as the treatment processes (e.g., blending, heat
treatment, composting, and thermal hydrolysis) in WWTPs (USEPA, 2018).
Previous studies have shown that applying both industrially contaminated and
typical municipal biosolids as a soil amendment can transfer PFAAs to the soil,
with higher application frequency resulting in increased PFAAs concentration
(Sepulvado et al., 2011). Preferential leaching of short-chain PFCAs (� C7) was
observed in biosolids-amended soil cores at depths of 1.2 m or more (Sepulvado
et al., 2011; Washington et al., 2010). Among the four treatment processes
of biosolids, only the biosolids blended with PFAS-free materials are expected
to have a lower PFAAs concentration due to the dilution effect (Lazcano et al.,
2019). Heating and composting treatments likely increase PFAAs concentration
due to transformation of polyfluorinated precursors to PFAAs (Bolan et al.,
2021; Sharifan et al., 2021). Therefore, the PFAAs level in biosolids is increased
after wastewater treatment (Lenka et al., 2021). In addition, part of the PFAAs
precursors remained in biosolids may transform to more persistent PFAAs after
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land application due to biotransformation (Bolan et al., 2021; Sharifan et al.,
2021).

The annual loading of PFAS in the U.S. biosolids is estimated to range 2,749–
3,450 kg/year, among which 1,375–2,070 kg/year of PFAS in biosolids is applied
to agricultural lands and 467–587 kg/year to landfills, respectively (Venkatesan
and Halden, 2013). PFOS is monitored as the most abundant compounds in
biosolids with a mean concentration of 403 ± 127 ng/g, followed by PFOA (34
± 22 ng/g), perfluorodecanoic acid (26 ± 20 ng/g), and others (e.g., PFHxA,
PFBA, PFBS, PFHxS, and perfluoropentanoic acid) (Lakshminarasimman et
al., 2021; Lenka et al., 2021; Venkatesan and Halden, 2013). These results are
consistent with the data reported by Higgins et al. (2005) that total PFAS
concentrations in domestic sludges vary between 55 and 3,370 ng/g, in the U.S.
Similar magnitudes of PFAS contents in biosolids are reported in other countries
such as in Nordic countries (0.6–15.2 ng/g) (Kallenborn, 2004), China (9.2–307
ng/g) (Wang et al., 2015), Switzerland (28–637 ng/g) (Sun et al., 2011), and
Australia (4.2–910 ng/g) (Moodie et al., 2021).

1. PFAS Concentrations in Water and Soil

(a) PFAS Concentrations in Water (Surface Waters, Seawaters,
Oceans, and Groundwater)

Since the early 2000s, PFAS compounds have been widely detected in global
surface waters. A meta-analysis of PFAS concentrations in global surface waters,
including rivers, lakes, tributaries, estuaries, canals, reservoirs, drainage basins,
and creeks was recently reported by Podder et al. (2021). Figure 5 shows the
global occurrence of PFOA and PFOS in surface waters during the past two
decades (2001–2010 and 2011–2020). Apparently, PFOA and PFOS occurred
in almost all collected water samples, and PFOS had a higher concentration
than PFOA. For example, median concentrations of PFOS and PFOA in Asian
surface waters between 2001–2010 reached 2,715 and 167 ng/L, respectively
(Podder et al., 2021). A 10-fold higher concentration of both PFOS and PFOA
was observed in surface waters in China, Australia, and Europe, compared to
that in North and South America. Still, high concentrations of PFOS and
PFOA (e.g., 5–10 folds higher than the health advisory limit of 70 ng/L issued
by the U.S. Environmental Protection Agency) occurred in surface waters in
2001–2010 (Figure 5). These findings suggest that phasing out of PFOS and
its precursors by 3M around 2000 did not have an immediate impact on the
reduction of PFOS concentrations between 2000–2010, and a decrease in PFOS
concentration started to occur since 2011. In addition to PFOS and PFOA,
other PFAS compounds, particularly including PFHpA, PFHxA, PFNA, and
PFBS, were widely detected in global surface waters. For instance, the short-
chain PFBS concentration increased significantly after 2010 in Asian countries
(e.g., China and Japan) (Podder et al., 2021). This again correlates with the
substitution of long-chain PFAS by short-chain PFAS in response to the changes
of PFAS use regulations, as discussed above. While anionic PFAS dominate
the overall mass and concentration of PFAS detected in global groundwater,

16



zwitterionic and cationic PFAS also play a role (Hatton et al., 2018). Overall,
globally high PFAS concentrations have been observed in Asia (China, Japan,
Korea, and Australia) and Europe (Germany, U.K., and the Netherlands). This
is partly because China is one of the largest producers and consumers of PFAS
globally (Li et al., 2015).

Figure 5. Global concentrations (ng/L) of perfluorooctanesulfonic acid (PFOA)
and perfluorooctanesulfonic acid (PFOS) in surface waters in 2001–2010 (a)
and 2011–2020 (b). Figure taken from Podder et al. (2021). Copyright: 2021
Elsevier (reproduction with permission).

Muir and Miaz (2021) comprehensively analyzed spatiotemporal trends of PFAS
in global surface waters (29,500 values), focusing on coastal seas, the Great
Lakes, and open oceans, along with mass discharge estimates from major rivers
(Figure 6). PFAS concentration in coastal seas and open oceans was orders
of magnitude lower than that in inland surface waters (e.g., Figure 5), and
ocean waters (e.g., 5,845 m depth) had the lowest PFAS concentrations (e.g.,
11–69 pg/L in the Atlantic Ocean) (Miranda et al., 2021). In line with the
trends observed above, the highest concentrations of PFAS, primarily including
PFOS, PFOA, PFHxS, PFHxA, PFBS, and PFBA were reported in Asia (e.g.,
China Bohai and Yellow seas) and Europe (e.g., North and Baltic seas) (Figure
6) (Miranda et al., 2021; Muir and Miaz, 2021). Spatiotemporal analyses of
PFAS concentrations showed a significant decline in PFSAs and C7–C12 PFCAs
during 2012–2018 in China and European seas, as well as in the Great Lakes of
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North America (Muir and Miaz, 2021). Due to the switching of using short-chain
PFAS, the concentrations of C4–C6 PFCAs rapidly increased across the world
after 2010, particularly in the Indian Ocean and the South Atlantic (Figure 6a).
However, it may take several years or even decades to see a substantial reduction
of C7–C12 PFCAs and PFSAs in oceans and seas (Figure 6b–c) due to the
long residence time of PFAS in large open waters. Mass discharge estimates
suggest a continued emission of long-chain C7–C12 PFCAs during 2015–2019
into major rivers in China; however, a reduced emission of long-chain PFCAs
occurred into European rivers compared to earlier time periods (Figure 6). As
expected, PFAS concentrations exhibit spatial and temporal variations among
different water bodies (Muir and Miaz, 2021; Podder et al., 2021), and more
periodic sampling and monitoring are needed to understand the fluxes, loading,
transport, and transformation of PFAS compounds within and among different
water systems.

Figure 6. Global concentrations (ng/L) of ΣC4–C6 PFCAs (a), ΣC7–C12
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PFCAs (b), and PFSAs (c) in coastal and ocean waters over three time periods
of 2000–2009, 2010–2014, and 2015–2019. Median concentrations and absolute
deviations are reported. Figure taken from Muir and Miaz (2021) (https://
pubs.acs.org/doi/full/10.1021/acs.est.0c08035). Copyright: 2021 American
Chemical Society (reproduction with permission).

In general, PFAS concentration in groundwater is lower than that in surface wa-
ter. For example, mean PFAS concentration in groundwater near the Nakdong
River Basin is reported at 14.1 ng/L after a PFAS leakage incident in South
Korea in 2018, which is lower than that in river water (44.8 ng/L) and tap
water (58.9 ng/L) (Yong et al., 2021). Xu et al. (2021) recently reviewed the
occurrence and concentration of PFAS in global groundwater systems, and re-
ported that PFOS, PFOA, PFBA, PFBS, PFHxS, and PFNA are the most
detected and abundant PFAS species. Mean concentrations of PFOS, PFOA,
PFBA, PFBS, PFHxS, and PFNA ranged between 0–4,800, 0–4,150, 0–3,610,
0–865, 0–280, and 0–22 ng/L, respectively, with the highest PFAS levels occur-
ring in China (e.g., Daling River Basin and fluorochemical industrial park) and
Australia (Bores surrounding legacy landfills in Melbourne) (Xu et al., 2021).
Recent surveys have also reported high concentrations of PFAS (~4,773 ng/L)
in groundwater in the vicinity of PFAS manufacturing facility and reclaimed
water recharge facility (Canez et al., 2021; Petre et al., 2021). Mass discharge of
PFAS (e.g., 18–32 kg/year) into groundwater systems poses a long-term threat
to drinking water sources and supplies (Petre et al., 2021).

High levels of PFAS have been increasingly reported in a wide range of en-
vironmental compartments in the vicinity of municipal and industrial disposal
sites, legacy or contemporary AFFFs training sites, WWTPs, and landfills. The
concentrations of 29 PFAS in groundwater and stream water ranged 20–4,773
and 426–3,617 ng/L, respectively, located near a PFAS manufacturing facility
in North Carolina, USA (Petre et al., 2021). Concentrations of total PFAS and
PFBS of up to 78,700 and 8,040 ng/L, respectively, have been reported from
wastewater at electronic fabrication facilities (Jacob et al., 2021). These high
concentrations of PFBS detected in the wastewater were likely associated with
the use of photoacid generators during photolithography (Jacob et al., 2021).
Mean concentrations of PFOS, PFHxS, PFHxA, PFOA, and 6:2 FTS were re-
ported at 250, 230, 130, 70, and 90 ng/L, respectively, in surface waters near
U.S. Air Force Bases with historical uses of AFFF formulations (East et al.,
2021). PFAS concentrations in 10 different environmental media at 10 active
U.S. Air Force installations reached 4,300 ng/L in groundwater and 8,970 ng/L
in surface water (Anderson et al., 2016). Concentrations of PFOA, PFBA,
PFOS, and PFBS in groundwater reached up to 21,200 ng/L (with GenX reach-
ing 30,000 ng/L) near fluorochemical manufacturers in China (Xu et al., 2021).
Some general trends on PFAS occurrence and concentration in the environment
include: (1) higher PFAS concentrations are generally observed in summer with
lower concentration occurring in winter, which is associated with water flow
rates (Wang et al., 2019); and (2) runoff, precipitation, and snowmelt are also
reported to strongly impact PFAS concentrations in surface waters (Miner et
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al., 2021; Podder et al., 2021).

1. PFAS in Soils

Short-chain PFAS tend to transport more rapidly and infiltrate into the ground-
water, while long-chain PFAS are expected to be retained in surface soils by
organic carbon, clays, and iron/aluminum oxides, particularly at the AWI (due
to the hydrophobic interactions) (Leeson et al., 2021; Li et al., 2018). Strynar
et al. (2012) in 2012 estimated that total global loadings of PFOA and PFOS
are ~1,860 and ~7,080 metric tons, respectively, in surface soils (top 15 cm).
Washington et al. (2019) in 2019 estimated that the summed loading of 8 PFAS
(C6–C12) ranges from 1,500–9,000 metric tons with mean estimates of ~1,000
metric tons for C8 PFOA and PFOS. Overall, soil is regarded as one of the
major reservoirs for PFOS, accounting for over 40% of the total mass of PFOS
(Brusseau et al., 2020). Brusseau et al. (2020) recently conducted a global
analysis of PFAS concentration in background and contaminated soils (25,000
soils). The analysis indicated that PFAS concentrations in contaminated soils
are generally orders of magnitude higher than background levels (Brusseau et al.,
2020). Specifically, total PFAS concentrations in soils without major contami-
nation sources vary between <0.001 to 237 µg/kg, with PFOS (0.003–162 µg/kg)
and PFOA (0.01–124 µg/kg) being most dominant PFAS species. In contrast,
soil concentrations of PFOS concentrations in contaminated hotspots can reach
up to 460,000 µg/kg with a median value of 8,722 µg/kg (PFOA are 50,000
and 83 µg/kg, respectively). These contaminated soils are adjacent to PFAS
manufacturing plants, AFFFs-associated locations in airports and military in-
stallations, or associated with land applications of PFAS-impacted biosolids and
irrigation of PFAS-contaminated water (Brusseau et al., 2020).

1. Fate and Transport of PFAS in Subsurface Environment/Vadose
Zone

Evidence shows that transport of long-chain PFAS in subsurface environments
is retarded (Davis et al., 2007; Emmett et al., 2006; Lindstrom et al., 2011; Xiao
et al., 2015). For example, Xiao et al. (2015) reported elevated levels of PFAAs
in soil and groundwater samples collected near a historical disposal site receiv-
ing PFAS-related industrial waste in the late 1940s�1950s. Weber et al. (2017)
showed that PFAS contamination in the vadose zone continued to be a source
of groundwater contamination for 18 years after training operations have ceased.
These findings indicate that PFAS contamination sites with little or no control of
PFAS-release to soils can constitute a source of groundwater contamination long
after productions or disposal activities have ceased. This allows PFAS to have a
long-term, long-range transport to the surrounding and deep soil-groundwater
systems. Fate and transport of PFAS in subsurface environments are controlled
by various processes, including adsorption to the solid–water interface (SWI)
(Guelfo and Higgins, 2013; Higgins and Luthy, 2006), adsorption to the AWI in
the unsaturated zone (Costanza et al., 2019; Lyu et al., 2018), and partition-
ing to NAPL or adsorption to NAPL–water interfaces in NAPL–contaminated
source zones (Figure 3) (Brusseau, 2018; Guelfo and Higgins, 2013).
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1. Interactions with the Solid–Water Interface (SWI)

(a) Distribution and Organic Carbon (OC) Partition Coeffi-
cients

The sorption of PFAS to geosorbents is governed by hydrophobic and electro-
static interactions between the geosorbents and the PFAS molecules. PFAS
chemicals vary in perfluoroalkyl chain lengths, molecular weights, molecular
structures, and hydrophobicity (described above). These properties control the
partitioning and adsorption propensities of PFAS in the environment (Mejia-
Avendano et al., 2020; Nguyen et al., 2020; Zhou et al., 2013). The solid–water
partition coefficient (Kd) and the organic carbon (OC) normalized distribution
coefficient (KOC) of PFAS have been used to evaluate the transport potential of
PFAS in subsurface environments. To better understand the impact of PFAS
properties on their transport, the relationship between the mean log Kd and
log KOC of anionic (e.g., PFCAs and PFSAs), zwitterionic, cationic, and non-
ionic PFAS was analyzed using data reported from field and laboratory studies
(Figure 7) (Chen et al., 2020; Guelfo and Higgins, 2013; Mejia-Avendano et al.,
2020; Nguyen et al., 2020). Similar to other organic compounds, the hydropho-
bic effects are associated with the molecular size or the length of perfluorinated
carbon chain; each CF2 moiety contributes 2.5–3.5 kJ/mol to the free energy
of sorption (for kaolinite and sediments) (Higgins and Luthy, 2006; Xiao et
al., 2011). Generally, short-chain PFAAs (N � 5–7) exhibit similar Kd values,
suggesting the minor role of carbon chain length in the sorption of short-chain
PFAAs (Guelfo and Higgins, 2013; Nguyen et al., 2020). However, the Kd val-
ues for longer-chain PFAAs (N > 5–7) increase with increasing chain length
(Figure 7a), signifying the key role of hydrophobicity for PFAS sorption (Chen
et al., 2020; Guelfo and Higgins, 2013; Mejia-Avendano et al., 2020; Nguyen et
al., 2020). For example, Zhou et al. (2013) observed a strong linear correlation
between log KOC and the chain length for C8–C12 PFCAs (R = 0.79), but an
almost invariable log KOC value for short-chain PFCAs (N < 7) in a field study
(sediment samples). A similar increase of log Kd with chain length for C7–C10
PFCAs in different types of soils was also reported in a laboratory-based study
(Guelfo and Higgins, 2013). Long-chain PFAAs (N > 6) display an increased
retardation in soil, while short-chain PFAAs (N � 6) generally show a rapid
penetration through soil columns with no obvious retardation (McKenzie et al.,
2015).

Compared to anionic PFAS, studies pertinent to the effects of chain length
on the sorption and transport of novel PFAS (e.g., zwitterionic, cationic, and
nonionic) are limited. Results showed that the sorption affinity of cationic
and zwitterionic PFAS to sediment/soil is much stronger than that of anionic
PFAS. Xiao et al. (2019) found that the Kd values of certain cationic and
zwitterionic PFAS are several orders of magnitude greater than that of PFOA,
but the difference tends to diminish with increasing concentration of PFAS.
Nguyen et al. (2020) found that the Kd values of C6 zwitterionic PFAS are
similar to those of C8 PFAS. A recent study also reported that, while the three
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AFFF-related zwitterionic PFAS (AmPr-fluorohexanesulphone amide (FHxSA),
TAmPr-FHxSA, and 6:2 FTSA-PrB) have six perfluorinated carbons, the Kd
values of AmPr- and TAmPr-FHxSA were 1–2 orders of magnitude larger than
that of FTSA-PrB (Nguyen et al., 2020). This finding clearly suggests that
functional group rather than the chain length likely controls the sorption of
these zwitterionic PFAS.

Figure 7. Mean log10 Kd (solid–water partition coefficient) and log10 KOC (or-
ganic carbon normalized distribution coefficient) values of PFAS with different
perfluorinated chain lengths based on field and laboratory data. Panels (a), (b),
and (c–d) were modified from Chen et al. (2020), Guelfo and Higgins (2013),
and Zhou et al. (2013), respectively. Copyrights: 2013 and 2020 American
Chemical Society (reproduction with permission).

The log KOC values vary among different PFAS classes (Figure 7). For anionic
PFAS, log KOC values of PFSAs are generally higher than those of PFCAs,
although PFSAs and PFCAs have the same perfluoroalkyl chain length (Figure
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7c–d). The average log KOC values of PFSAs are 0.2–log units larger than those
for PFCAs with an equivalent chain length in sediments (Figure 7a, c) (Zhou
et al., 2013). Similar larger log KOC values for PFSAs than PFCAs are also
observed in different types of soils (Mejia-Avendano et al., 2020). This is mainly
because carboxylate moiety has a smaller volume than sulfonate moiety, so
PFCAs are slightly more hydrophilic and thus have a stronger sorption affinity
to sediment/soil (Higgins and Luthy, 2006). Furthermore, the sorption affinity of
cationic and zwitterionic PFAS to sediment/soil is much stronger with respect to
that of anionic PFAS. Therefore, the sorption behavior of cationic/zwitterionic
PFAS cannot be accurately predicted based on their hydrophobicity (Chen et
al., 2020; Xiao et al., 2019). The Kd values of C6 zwitterionic PFAS are similar
to those of C8 PFAS (Nguyen et al., 2020). The similar or slightly higher field-
based log Kd values for certain cationic compounds than those of long-chain
PFCAs in sediment are also reported (Chen et al., 2020). The more pronounced
retardation of PFSAs than PFCAs with the same chain length during transport
has been observed in soil-packed column studies (Gellrich et al., 2012; McKenzie
et al., 2015). For example, Nickerson et al. (2021) found that zwitterionic
and cationic PFAS show less transport potential compared to anionic PFAS.
Therefore, in additional to the role of hydrophobic interaction, more studies are
needed to identify the sorption mechanisms of different PFAS (anionic, cationic,
and zwitterionic forms) on soils and sediments.

The adsorption of anionic PFAS is also driven by the surface charge of soils.
Higher contents of iron (Fe) and aluminum (Al) oxides, coupled with lower soil
pH (i.e., lower than the pKa of Al and Fe oxides) produce an overall positively
charged solid surface. This leads to the electrostatic attraction between the
anionic PFAS and the solid surface (Campos-Pereira et al., 2020; Feng et al.,
2017; Hellsing et al., 2016). Enhanced retardation of anionic PFAS during
transport in soils with large OC and soil mineral contents (e.g., clays) is reported
by Lyu et al. (2019).

For zwitterionic, cationic, and nonionic PFAS, a positive correlation of PFAS
sorption/transport with soil organic matter (SOM) does not always occur
(Barzen-Hanson et al., 2017b; Mejia-Avendano et al., 2020; Xiao et al., 2019).
Mejia-Avendano et al. (2020) found that zwitterionic, cationic, and nonionic
PFAS do not show any significant correlation between Kd and SOM. Similarly,
Barzen-Hanson et al. (2017a) did not observe a significant correlation between
the sorption of zwitterionic FtSaB and SOM. Xiao et al. (2019) also found
that sorption of zwitterionic PFAS (PFOAB) correlates poorly with SOM,
but sorption of cationic PFAS (PFOAAmS) correlates strongly with SOM.
Partitioning of weakly hydrophobic organic cations in SOM is driven by cation
exchange (MacKay and Seremet, 2008). Barzen-Hanson et al. (2017a) reported
that the Kd value of 6:2 FTSA-PrB positively correlates with cation exchange
capacity that considers the effect of H+, Al3+, and Mn2+ cations for highly
acidic soils. A similar positive correlation with Kd and cation exchange capacity
was also reported for cationic PFOAAmS (Mejia-Avendano et al., 2020; Xiao
et al., 2019). However, the sorption of zwitterionic PFAS correlates poorly
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with soil cation exchange capacity (Barzen-Hanson et al., 2017a; Xiao et al.,
2019), but relates strongly with soil pH (Nguyen et al., 2020). With regard
to nonionic PFAS, their sorption to soils is observed to correlate poorly with
soil properties (Li et al., 2021), while organic matter may play an appreciable
role. Further investigations are highly needed to elucidate how soil properties
including organic matter affect the adsorption of nonionic PFAS in different
soils and sediments.

In natural environments, the adsorption and transport behaviors of PFAS are de-
termined by the complicated interplay between physicochemical characteristics
of the PFAS and the soil properties, including both hydrophobic and electrostat-
ics interactions. Therefore, multiple soil properties are more preferable than a
single property to describe and predict the sorption behaviors of PFAS (Yan et
al., 2020). Analyses using the multiple linear regression model showed that, the
combination of organic carbon, silt-plus-clay content, and soil micropore vol-
ume can describe the sorption of anionic PFAS. In contrast, charged soil sites
dominate the adsorption of zwitterionic PFAS, suggesting the dominant effect
of electrostatic interactions on sorption of these zwitterions (Barzen-Hanson et
al., 2017a; Nguyen et al., 2020). The above discussion clearly indicates that,
the mobility of PFAS in the solid-water system can be predicted based on the
length of perfluorinated chain, polarity, and functionality described above.

1. Effect of Solution Chemistry

Solution pH can affect the adsorption and transport of PFAS by changing both
PFAS speciation and soil chemistry via surface complexation and electrostatic
interaction which, in turn, alter the Kd values of PFAS (Nguyen et al., 2020).
The pH-induced change in Kd values is due to the changes in the surface charge
and/or hydrophobicity of the soil surfaces since pH change has little impact
on the speciation of PFAS with low pKa. At low pH, SOC is protonated and
can enhance PFAS sorption through both hydrophobic and electrostatic attrac-
tions. With increasing pH, both SOC and clay minerals become more nega-
tively charged, causing greater electrostatic repulsions between anionic PFAS
and solid surface (i.e., reduced PFAS adsorption) (Gu et al., 1995). The reduced
adsorption for anionic, zwitterionic, and nonionic PFAS having small pKa with
increasing solution pH in different matrixes has been widely reported (Higgins
and Luthy, 2006; Nguyen et al., 2020; Oliver et al., 2019). For example, pKa
values of PFAAs and GenX are reported to be negative, and their log Kd val-
ues are reduced by 1–2 log units when pH is increased from ~3 to 8 (Nguyen
et al., 2020). For PFAS with one large pKa value, the overall surface charge
switches from positive to neutral with increasing pH. At a given pH, the major
speciation of PFAS compound determines the overall interaction with the solid
surface. Zwitterionic PFAS compounds have different pKa values and thus mul-
tiple chemical speciation states (e.g., anionic, neutral, or cationic speciation),
which strongly affects their sorption.

Cations (e.g., Na+, K+, Mg2+, and Ca2+) can affect the adsorption and trans-
port of PFAS via altering the electrostatic interactions. Increasing cation con-
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centration is reported to increase the adsorption of anionic PFAS onto negatively
charged solid surfaces, but decrease the adsorption of anionic PFAS onto pos-
itively charged solid surfaces (Tang et al., 2010; Wang and Shih, 2011; Zhao
et al., 2014). Lyu et al. (2020b) further observed that high ionic strength
significantly inhibits PFOA retention in water-saturated columns packed with
positively charged sands. High ionic strength slightly increases PFOA retention
in columns packed with negatively charged sands, as high ionic strength reduces
the electrostatic repulsion between negatively charged sand surfaces and anionic
PFOA molecules (Lyu et al., 2020b). On the other hand, inorganic cations may
decrease the adsorption of cationic PFAS in geosorbents such as soils. To main-
tain electroneutrality, “native” cations (e.g., Na+) of soils must be displaced by
cationic PFAS (Xiao et al., 2019). For zwitterionic PFAS, Mejia-Avendano et
al. (2020) found no discernible effect of Ca2+ (100 nM) on the adsorption of
polyfluoroalkyl betaines in soils. Similarly, Xiao et al. (2019) also found that
the effect of Na+ on the sorption of a zwitterionic PFAS was insignificant. How-
ever, Li et al. (2011) reported that Ca2+ (300 mg/L) reduces the adsorption of
the betaine-type hydrocarbon surfactants onto negatively charged quartz sand.
The reported difference on PFAS adsorption is likely due to the difference of
Ca2+ concentration selected. For cationic PFAS, Ca2+ affects their adsorption
in an opposite trend compared to that for anionic PFAS (Mejia-Avendano et
al., 2020). Increasing Ca2+ concentration causes a decrease in effective negative
charges on soil surfaces. The electrostatic attraction between cationic PFAS and
soil grains is reduced, leading to an increased adsorption of PFAAs. In summary,
high ionic strength (cation concentration) likely favors the transport of anionic
PFAS but inhibits the transport of cationic PFAS in subsurface environments.

1. Interactions with the Air–Water Interface (AWI)

A growing body of field studies have reported that the vadose zone acts as a
significant reservoir for PFAS due to the strong interaction of PFAS with the
AWI (Costanza et al., 2019; Schaefer et al., 2019; Silva et al., 2019). Brusseau
(2018) reported that the adsorption of PFAS at the AWI can contribute ~50% of
the total mass retained in unsaturated porous media. Recently, some research
groups investigated the effect of AWI adsorption on PFAS transport using com-
plementary strategies, including interfacial tension-based measurements, unsat-
urated column retardation methods, and batch system mass balance approaches
(Costanza et al., 2019; Lyu et al., 2020b; Schaefer et al., 2019). The AWI par-
tition coefficients (Kai) measured experimentally are commonly used to assess
the adsorption and retardation of PFAS during subsurface transport.

1. Effects of PFAS Property and Concentration

Current research efforts have focused primarily on the sorption of anionic PFAS
(e.g., PFCAs and PFSAs) at the AWI. The Kai values for PFCAs and PFSAs
under different PFAS concentrations are shown in Figure 8. Apparently, the
Kai values for both PFCAs and PFSAs decrease with increasing PFAS con-
centrations (Figure 8a–b), suggesting the nonlinear adsorption of PFAS at the
AWI. This coincides with the greater retardation of PFOA under a lower input
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concentration in unsaturated sand packed columns (Lyu et al., 2018). Fur-
thermore, for a specific PFAS type, the Kai values are greater for the longer-
chain (vs. shorter-chain) PFAS (Schaefer et al., 2019; Silva et al., 2019). Silva
et al. (2019) systematically examined the correlation between Kai values and
chain length in deionized water and simulated groundwater containing NaHCO3,
CaSO4, MgSO4, and KCl. The authors observed that Kai values exhibit a log-
linearity with increasing chain length in deionized water (Silva et al., 2019).
However, the log Kai values in simulated groundwater showed a deviation from
a log-linear trend with enhanced increase of Kai with increasing carbon length
ranging from 5 and 9 (Silva et al., 2019). This is likely due to: (1) the presence
of dissolved ions in the solutions along with electrostatic effects at the AWI, (2)
the enhancing free energy of air-water interfacial adsorption with increasing car-
bon length, and (3) the inherent differences in surface activity between odd and
even homologues that are manifested more intensely when an excess of dissolved
ions are present in solution (Lunkenheimer et al., 2015; Schaefer et al., 2019).
When comparing PFCAs to PFSAs with both have the same chain length, the
Kai values for PFSAs are greater than PFCAs, indicating that the great role of
head group for the air-water interfacial capacity (Brusseau, 2019; Brusseau and
Van Glubt, 2019). Recent studies documented that the concentration at which
the Kai asymptotically approach their maximum values for GenX is higher than
that for PFOA in the range of < 1 mg/L (Lyu et al., 2018; Yan et al., 2020).
This suggests that PFOA exhibits a greater air-water interfacial activity com-
pared to GenX. Brusseau (2019) examined the influence of molecular structure
(e.g., molar volume and weight) on the adsorption of PFAS at the fluid-fluid
interfaces. The molar volume is found to provide a reasonable representation
of the effect of molecular size on cavity formation/destruction in solution, and
thus the hydrophobic interaction driving force for the interfacial adsorption. A
similar correlation between Kai and molar volume was also observed by Schaefer
et al. (2019) (Figure 8c).
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Figure 8. Calculated Kai (partition coefficient at the air–water interface; AWI)
for PFCAs and PFSAs as a function of PFAS concentration (a, c), ionic strength
(b), and molar volume (d). Note different x- and y-axis units. Panels (a–b) were
modified from Silva et al. (2019), and panels (c–d) were modified from Schaefer
et al. (2019). Copyrights: 2019 Elsevier and 2019 American Chemical Society
(reproduction with permission).

1. Effect of Solution Chemistry

The sorption of PFAS at AWI was found to be strongly affected by the solu-
tion chemistry, including ionic strength, cation type, and pH (Brusseau and
Van Glubt, 2019; Schaefer et al., 2019). Increasing ionic strength (e.g., NaCl
and CaCl2) greatly increases the accumulation of PFAS at the AWI. The addi-
tion of NaCl at concentrations of up to 0.01 M is reported to increase PFOS
adsorption at the AWI by less than a factor of 2 at field relevant PFOS con-
centrations (Schaefer et al., 2019). Similarly, the presence of dissolved ions
slightly increases the maximum surface excess for PFOA and PFOS (Costanza
et al., 2019). This is because electrolyte ions (Na+ and Ca2+) can alleviate
the electrostatic repulsion among PFAS headgroups at the AWI and increase
the activity of the hydrophobic tail in solution, resulting in an increase in the
driving force for PFAS adsorption (Brusseau and Van Glubt, 2019; Costanza et
al., 2019). Greater retardation of PFOA during transport in unsaturated sand
column with increasing ionic strength is also reported (Li et al., 2021; Lyu and
Brusseau, 2020). For example, the retardation factor of PFOA increases gradu-
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ally from 2.12 to 4.36 with the increase in ionic strength (1.5–30 mM NaCl) in
sand column at an effective water saturation of 0.64.

The AWI sorption of PFAS is also impacted by the counterions, with greater
Kai values measured for counterions of smaller hydrated radii (Brusseau and
Van Glubt, 2019; Lunkenheimer et al., 2015; Pottage et al., 2016; Zhao et
al., 2010). Brusseau and Van Glubt (2019) found that surface activity is the
lowest for Li-PFOA (with the largest hydrated radius) and the greatest for
NH4-PFOA (with a smaller hydrated radius). Pottage et al. (2016) reported
that the change of counterion from ammonium to alkyl ammonium causes an
enhancement in surface activity. This is likely because counterions with small
radii are more likely to enter into the interfacial layer and reduce the electrostatic
repulsion among PFOA headgroups, thus leading to a more compacted adsorbed
monolayer and greater surface activity (Zhao et al., 2010). Li et al. (2021)
further observed that the retardation of PFOA in unsaturated sand columns in
the presence of Ca2+ is more pronounced than that for Na+, due to the greater
AWI adsorption in the presence of Ca2+.

1. Interactions with NAPL–Water Interface (NWI)

PFAS retention processes may occur in NAPL–contaminated source zones,
including partitioning into NAPL and adsorption at the NAPL–water interface
(NWI) (Guelfo and Higgins, 2013; McKenzie et al., 2016; Van Glubt and
Brusseau, 2021). Studies regarding PFAS adsorption and transport in the
presence of AWI are limited, and most studies reported anionic PFAS, especially
PFAAs. The impact of NAPL on the sorption of PFAAs to solids depends on
the chain-length of PFAAs and their concentration. Guelfo and Higgins (2013)
found that the effect of NAPL on the sorption of long-chain PFAAs (N > 6) is
strongly dependent on the solid property and concentration of PFAAs, whereas
the presence of NAPL increases the sorption of short-chain PFAAs (N � 6) to
all tested soils. This is likely because shorter-chain PFAAs fit better into the
NAPL due to the less steric effect (Jonker et al., 2003). For long-chain PFAAs,
the PFAAs at low concentrations may have access to an adequate number
of high affinity sites on the solids, but they could also be segregated from
sorption sites by NAPL, resulting in unchanged or slightly decreased sorption
of PFAAs in the presence of NAPL. In contrast, NAPL may act as a sorbent to
increase the overall sorption sites for PFAAs at high concentrations (increased
sorption of PFAAs) (Guelfo and Higgins, 2013). In addition, SOC also has a
great impact on PFAS sorption to solid surfaces in the presence of NAPL. The
critical separate phase concentration is defined as the concentration (CNAPL)
where oil exists as a NAPL (typically at 1,000−3,000 mg/kg) (Jonker et al.,
2003; Ortiz et al., 1999), depending on the SOC because a NAPL will only
form if the solid organic carbon is saturated with NAPL. So, a lower amount of
NAPL is required to saturate the OC in solid with lower SOC. Once above the
critical separate phase concentration, NAPL can serve as an additional sorbent
either by bulk partitioning of PFAAs into NAPL or by adsorption of PFAAs
to the NAPL–water interface to alter the sorption behaviors of PFAS (Guelfo
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and Higgins, 2013; Jonker et al., 2003; Ortiz et al., 1999). It is observed that
NAPL has a concentration-dependent effect on PFAAs sorption at lower SOC,
whereas NAPL causes no change or decreases the sorption of PFAAs at higher
SOC (Guelfo and Higgins, 2013).

The effect of NAPL on PFOA adsorption and transport was also examined
through packed column experiments. McKenzie et al. (2016) found the retar-
dation of PFAAs increases in trichloroethylene-containing columns, and PFAS
partitioning into bulk NAPL and adsorption at the NAPL–water interface are
interpreted as possible reasons for the observed enhanced retardation. Van
Glubt, Brusseau, et al. (2019; 2021) further distinguished PFAS partitioning
into the bulk NAPL and NAPL–water interfacial adsorption, and found that
the adsorption to the NWI contributes to over 70–77% of the total retention of
PFOS and PFOA.

Considering the significance of AWI and NWI on the adsorption of PFAS, Silva
et al. (2019) further compared the adsorption capacity of PFCAs at these two
interfaces (AWI and NWI in trichloroethylene and kerosene) (Figure 9). The
authors observed that the values of Kni (partition coefficient at the NAPL–water
interface) were roughly 1–order of magnitude smaller than those of Kai (parti-
tion coefficient at the AWI) for all PFCA homologues (Silva et al., 2019). This
is likely due to the hydrophobic and oleophobic properties of perfluorocarbon
tails of PFCAs. These perfluorocarbon tails tend to partition into the air-phase
to minimize the overall free energy of the system. However, the orientation of
perfluorocarbon tails positioned at the NWI is not clear, because the oleopho-
bicity property of the tails limits their partitioning into the hydrocarbon phase.
Altering NAPL saturation is expected to affect the retardation of PFCAs to a
limited extent, as the area of NWI changes insignificantly for entrapped NAPL
ganglia (Silva et al., 2019).
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Figure 9. Comparison of log Kai (partition coefficient at the air–water in-
terface; AWI) and log Kni (partition coefficient at the NAPL–water interface;
NWI) relationships for AWI and NWI adsorption for 1 mg/L perfluorocarboxylic
acid (PFCA) solution in simulated groundwater containing NaHCO3, CaSO4,
MgSO4, and KCl. TCE and KER refer to trichloroethene and kerosene, re-
spectively. Figure taken from Silva et al. (2021). Copyright: 2019 Elsevier
(reproduction with permission).

1. Detailed PFAS Retention Mechanisms in Subsurface Environ-
ments

The transport of PFAS in porous media is controlled by the sorption of PFAS on
collector surfaces. PFAS typically have a C–F backbone and a nonfluorinated
head consisting of a polar functional group. The head functional groups are
normally polar and hydrophilic, such as carboxylic (–COO– in PFOA) and sul-
fonate functional groups (–SO3

– in PFOS). The tails of PFAS are hydrophobic
and commonly lipophobic. Multiple retention mechanisms exist for PFAS in the
subsurface due to the complex of environmental conditions (e.g., different grain
surface charges, and in the presence of organic carbon, colloids, various inter-
faces such as the AWI) (Brusseau, 2018; Le et al., 2021; Wang et al., 2021). The
major mechanisms controlling PFAS sorption on the environmental grain sur-
faces include electrostatic interaction, hydrophobic interaction, hydrogen bond,
and ligand exchange (Figure 10) (Du et al., 2014; Liu et al., 2019; Wei et al.,
2019).

Electrostatic interaction is considered as one of the major mechanisms control-
ling sorption and transport of PFAS in environmental media (Sharifan et al.,
2021). The electrostatic interactions occur between the charged head functional
groups of the PFAS and the mineral surfaces. Soil and aquifer grain surfaces
frequently carry negative surface charges (e.g., due to isomorphous substitu-
tion) (Shen et al., 2020). Consequently, electrostatic repulsion exists between
negatively charged PFAS and the negatively charged grain surfaces, favoring
the transport of PFAS in the subsurface environments. However, the soil and
aquifer grain surfaces often also contain positively charged minerals such as
metal oxides or hydroxides (e.g., Fe and Al). PFAS will experience electrostatic
attraction due to the positively charged minerals, which inhibits their transport
in the subsurface (Figure 10). PFAS sorbed onto mineral surfaces can block
subsequent sorption, thereby causing excess PFAS to become more mobile. So-
lution pH strongly influences the electrostatic interaction since it changes the net
charges of the environmental grain surfaces and the functional groups of individ-
ual PFAS. Increasing solution ionic strength can reduce electrostatic attraction
and repulsion due to charge screening effect, which decreases and increases the
transport of PFAS in the subsurface environments, respectively (Tang et al.,
2010). Xiao et al. (2011) showed that the electronegativity of PFAS may be
not only because of their head functional groups. Furthermore, the C–F tail
of PFAS molecules carry an excess negative surface charge due to the strong
electronegativity of the fluoride atom.
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Hydrophobic attraction exists when both interacting surfaces are hydrophobic
(Figure 10). Therefore, the hydrophobic attraction facilitates the PFAS to be
associated with the hydrophobic substances in subsurface environments such as
organic carbon and organic contaminants (e.g., carbon nanotubes and chlori-
nated solvents) (Lyu et al., 2020a; 2020b). Because the AWI in the vadose zone
is superhydrophobic, PFAS are favorable to be adsorbed on the AWI to form
films, with the hydrophobic carbon-fluorine tail oriented toward the air and the
hydrophilic head group dissolved in the water (Krafft and Riess, 2015; Lyu et
al., 2018).

The hydrogen bond is a primarily electrostatic attraction force between a hy-
drogen (H) atom which is covalently bound to a more electronegative atom or
group, and another electronegative atom owning a long pair of electrons (i.e.,
the hydrogen bond acceptor) (Figure 10) (Li et al., 2011b). When the adsorbent
surfaces contain oxygen-containing functional groups such as –OH and –COOH,
the hydrophilic O-containing functional groups of PFAS can form hydrogen
bonds with the O-containing groups. Chen et al. (2015) examined the effects
of PFOS and PFOA on bovine serum albumin by spectroscopic and molecular
modeling. Through calculations of enthalpy and entropy change, the hydrogen
bond was seen as one of the major forces causing the binding of the PFOS and
PFOA to bovine serum albumin. Lu et al. (2016) examined the adsorption
of PFOS on nanoparticles of Al2O3, Fe2O3, SiO2, and TiO2. They found that
sulfonic functional group of PFOS formed hydrogen bonds with surfaces of the
nanoparticles and the interaction was strongly dependent on solution pH. Gao
and Chorover (2012) showed that hydrogen bond interactions existed between
PFOS and hematite nanoparticles and water molecules competed with PFOS for
adsorption on the nanoparticles via the hydrogen bond. Note that the carbon-
fluorine tail chains are hydrophobic, which is difficult for them to form hydrogen
bound with the oxygen on the functional groups of mineral surfaces (Du et al.,
2014).

Ligand exchange is a chemical reaction in which a ligand (typically hydroxyl
or water) in a compound is replaced by another (Figure 10). Ligand exchange
also likely plays an important role in adsorption of PFAS on adsorbent surfaces
through exchange of the surface functional groups on the adsorbent surfaces
with the hydrophilic head functional groups the PFAS molecules. Gao and
Chorover (2012) examined adsorption of PFOA on the iron oxide surfaces. They
illustrated that the hydroxyl groups on the iron oxide surfaces can be replaced
by the carboxyl groups of PFOA due to covalent metal-ligand bonding, leading
to the formation of inner-sphere complexes:

𝐹𝑒 − OH+
2 + 𝐶7𝐹15CO𝑂− → 𝐹𝑒 − 𝑂𝑂𝐹15𝐶7 + 𝐻2𝑂 (1)

Gao and Chorover (2012) showed that while the PFOS, as mentioned previ-
ously, were adsorbed on hematite nanoparticle surfaces via hydrogen bond and
electrostatic interaction (i.e., forming outer-sphere complexes of the PFOS sul-
fonate group with the nanoparticle surface sites), the adsorption of PFOA on the
hematite nanoparticle surfaces was due to forming inner-sphere Fe-carboxylate
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complexes by ligand exchange.

The long-range van der Waals interaction may only play a minor role in ad-
sorption of PFAS. However, PFAS can aggregate into colloidal micelles at high
concentrations, where the hydrophilic head portions interact with the water
phase and the hydrophobic tail portions interaction with each other. In this
case, the van der Waals force and the electrical double layer force may govern
the interaction between the PFAS colloid and a collector surface (Molnar et
al., 2015). These forces are quantitatively described by the Derjaguin–Landau–
Verwey–Overbeek theory (Derjaguin and Landau, 1941; Verwey and Overbeek,
1948). Summing the two interaction forces/energies as a function of separa-
tion distance between the colloid and collector surface results in the interaction
energy profiles of the Derjaguin–Landau–Verwey–Overbeek theory. The PFAS
micelle colloids can be attached at the primary and/or secondary minima of the
interaction energy profiles when both PFAS colloid and collector surfaces are
negatively charged (Ryan and Elimelech, 1996; Shen et al., 2007; Shen et al.,
2020). When the PFAS colloid and collector surfaces are oppositely charged,
only primary minima exist on the interaction energy profiles and the PFAS col-
loids near the collector surfaces will be captured at the primary minima due to
the attraction.

Figure 10. Schematic illustrating retention mechanisms of PFAS to soils or
sediments in which mineral phase and organic matter dominate. PFOA with the
carboxylic functional group (–COO–) and PFOS with the sulfonate functional
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group (–SO3
–) are shown as typical PFAS compounds.

1. Modelling PFAS Transport in Subsurface Environments

Understanding PFAS transport processes in subsurface environments includ-
ing advection, dispersion, diffusion, and sorption is central for contaminated
site management and remediation. Recently, numerical models accounting for
PFAS-specific transport and retention processes, including surfactant-induced
flow, rate-limited, nonlinear adsorption at the SWI and AWI, have been formu-
lated (Abriola et al., 1993; Ji and Brusseau, 1998; Karagunduz et al., 2015). For
example, a modified multi-process rate-limited mass-transfer (MPMT) model ac-
counting for multiple retention processes, including adsorption at air-water and
oil-water interfaces, adsorption by the solid phase, and diffusive mass-transfer
between advective and non-advective domains was developed by Brusseau (2020)
to simulate PFAS transport in the vadose zone. The multi-process model can
simulate the transport of PFOA and PFOS under saturated and unsaturated
porous media (Figure 11). The rate limitations associated with solid-phase
adsorption and diffusive mass transfer between advective and non-advective
domains are of great significance [Brusseau, 2020]. The four dimensionless gov-
erning equations are as follows (Brusseau, 2020):
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where Ra1 and Ra2 are the retardation factors [–] in advective domain for the
instantaneous rate-limited sorbed-phases, respectively; Rn1 and Rn2 are the re-
tardation factors [–] in the non-advective domain for the instantaneous and
rate-limited sorbed-phases, respectively; T is the time in pore volumes [–]; ka

0

is the Damkohler number, representing contribution of sorption non-ideality in
the advective domain [–]; kn

0 is the Damkohler number, representing contribu-
tion of sorption non-ideality in the non-advective domain [–]; � is the Damkohler
number, representing the contribution of physical non-ideality (diffusive mass
transfer between advective and nonadvective domains) [–]; P is the Peclet Num-
ber [–]; and X is the length [–].

Other parameters in Eqs. (1)–(4) are defined as follows (Brusseau, 2020):
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(9)
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where Ca is the solute concentration in the advective domain [M L–3]; C0 is
the input solute concentration [M L–3]; Cn is the solute concentration in the
non-advective domain [M L–3]; Sa2 is the mass of sorbate in rate-limited sorbed-
phase divided by the mass of sorbent in the advective domain [M M–1]; Fa is the
fraction of sorbent in the advective domain for which sorption is instantaneous
[–]; ka is the equilibrium sorption constant for the advective domain [L3 M–1];
Sa2 is the mass of sorbate in rate-limited sorbed-phase divided by the mass of
sorbent in the advective domain [M M–1]; Fn is the fraction of sorbent in the
non-advective domain for which sorption is instantaneous [–]; and Kn is the
equilibrium sorption constant for the non-advective domain [L3 M–1].

The total retardation factor (R) is redefined as follows (Brusseau, 2020):

𝑅 = 𝑅𝑎1 + 𝑅𝑎2 + 𝑅𝑛1 + 𝑅𝑛2 = 1 + 𝐾𝑑𝜌
𝜃 + 𝐾nw𝐴nw

𝜃 (10)

where Kd is the overall equilibrium sorption constant [L3 M–1]; Knw is the fluid-
fluid interfacial adsorption coefficient [L]; Anw is the specific fluid-fluid interfacial
area [L2 L–3]; � is the bulk density [M L–3]; � is the volumetric water content
[L3 L–3]; and � is the fraction of retardation associated with each domain, so the
value of � = 1.

One simplified system is the case wherein physical nonideality is absent (ei-
ther nonadvective pore water is absent or inter-domain mass transfer isnot rate
limited), so solid-phase adsorption is rate limited, and fluid-fluid interfacial ad-
sorption is also rate limited. The � term for this case is (Brusseau, 2020):
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𝛽4 = 𝑅𝑛2
𝑅 = 0 (14)

where F is the fraction of sorbent in the advective domain for which sorption is
instantaneous [–].

For a system with nonadvective domains (and the accompanying inter-domain
diffusive mass transfer), rate-limited solid-phase adsorption, and assuming fluid-
fluid interfacial adsorption to be effectively instantaneous, the � term is rewritten
as follows (Brusseau, 2020):
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𝜃 )(1−𝐹)𝐾𝑑]
𝑅 (18)
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where � equals to �a/� [–]; and f is the mass fraction of sorbent comprising the
advective domain [–].

Figure 11. Measured (symbols) and fitted (lines) breakthrough curves of PFOA
and PFOS in saturated and unsaturated porous media at the laboratory scale.
The tested PFOA and PFOS concentrations ranged between 10 µg/L and 10
mg/L. The effective water saturation contents under unsaturated conditions
ranged between 0.60 and 0.87. SDS refers to sodium dodecyl sulfate. The multi-
process mass-transfer models, including Brusseau 2020 (a–b) (Brusseau 2020),
Brusseau 2021 (c–d) (Brusseau et al., 2021), Guo 2019 (Guo et al., 2019), and
Ji 2021 (e–f) (Ji et al., 2021) can describe the transport behaviors of PFAS
under saturated and saturated porous media. Copyrights: 2020 Elsevier, 2021
Elsevier, and 2021 American Chemical Society (reproduction with permission).

1. Challenges and Future Research Priorities and Recommenda-
tions

There has been a substantial amount of research conducted on the fate and
transport of PFAS in the environment during the past decades. The general
transport mechanisms of PFAS, primarily including anionic PFAS compounds
in subsurface media are well understood. Given the physicochemical character-
istics of the PFAS and the properties of a subsurface porous media, retention
and transport of PFAS can be estimated with models that have been devel-
oped. However, there is a large variety of different PFAS molecules, some of
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which (e.g., cationic, zwitterionic, and nonionic PFAS) have not been charac-
terized well, or just have been identified due to the development of analytical
instrumentations (e.g., high resolution mass spectrometry) and reference stan-
dards (Wellington Laboratories Catologue, 2021). Furthermore, polyfluoroalkyl
species can transform when they are exposed to environmental conditions. For
instance, PFAS used as fire extinguishers or exposed to fires may transform into
different forms of PFAS compounds. Critical knowledge gaps exist on the behav-
ior, fate, and effects of newly identified cationic and zwitterionic PFAS in vadose
and saturated zones. There is insufficient literature documenting the transport
and retardation of these compounds in the subsurface soil and the aquifer. De-
tailed fate and transport studies are needed to understand the effects of solution
chemistry, co-contaminants, soil properties, and other geologically relevant pa-
rameters and conditions on the fate and transport of novel PFAS in different
geological settings.

Particularly, PFAS chemicals in surface soil may exposed to hot air in natural
and engineered thermal remediation processes. One of the primary challenges
in assessing the risk of soilborne PFAS to humans and wildlife is to better un-
derstand their fate in thermal processes such as fire training, biomass burning
for land clearing, and natural wildfires. There were more than 57,000 wildfires
in the U.S. in 2020 alone (Insurance Information Institute, 2020). The term
“thermally stable” has been frequently used to describe PFAS in the literature,
and fate and transport models generally rely on the assumption of high thermal
stability of PFAS. The possible decomposition of soilborne PFAS and AFFF
in thermal processes has received little attention or been overlooked altogether.
A few recent studies by Xiao and collaborators have demonstrated that PFAS,
including PFOA and PFOS, can be substantially decomposed when heated at
moderate temperatures (e.g., �200 oC for PFOA and �500 oC for PFOS) (Sasi et
al., 2021; Xiao et al., 2020; 2021). Thermal treatment likely alters the speciation
of PFAS in soil. For example, the thermal decomposition of PFAAs and polyflu-
oroalkyl substances in laboratory tests yields various transient intermediates,
including shorter-chained PFAAs (Sasi et al., 2021; Xiao et al., 2021). However,
the long-term effect of thermal processes on the fate and transport of PFAS
in surface and subsurface environments remains unclear, which is worthy of fu-
ture study. Also, less research has been conducted with shorter-chained PFAS,
and fate and transport of these PFAS in surface and subsurface environments
remain a needed field of study. Additionally, the names of these newly identi-
fied PFAS can be readily obtained from the International Union of Pure and
Applied Chemistry (IUPAC). However, there are inconsistencies in acronyms
and terminology among different research groups. For example, fluorotelomer
thioether amido sulfonate (FtTAoS) has been named as FTSAS in other studies
(D’Agostino and Mabury, 2014). Harmonized acronyms and terminology for
these emerging PFASs have not been established.

Given that a large portion of PFAS remain unidentified (Koelmel et al., 2021;
Xiao, 2017), along with the heterogeneity and complexity of geological condi-
tions, simple-to-use approaches for non-targeted or suspected screening of PFAS

36



need to be developed for identifying unknown PFAS as well as to evaluate
PFAS degradation and transformation in the environment. To this end, soft-
ware for PFAS compound analysis (e.g., FluoroMatch Flow 2.0) (Koelmel et
al., 2021) that includes compound feather detection, mass matching, retention
time pattern analysis, and fragment screening could accelerate identifying un-
known PFAS in complicated environmental samples. However, transparency,
collaboration, and coherence among academia, industry, government, and other
stakeholders are the keys to share the hidden information on the environmental
release of thousands of PFAS in the environment. A joint effort needs to be
initiated to attempt to address this challenge.

PFAS are readily to bind with biomolecules such as proteins, transporters, and
phospholipids, various in vitro and in silico approaches have been developed to
facilitate parameterization of mechanistic models for risk assessment (De Silva
et al., 2021). For example, in vitro methods such as cell- and vesicle-based assays
can estimate PFAS uptake into cells via passive diffusion and active transport.
In silico methods can predict PFAS behaviors in biological systems via high
throughout testing, molecular docking, and molecular dynamics simulation (De
Silva et al., 2021). Alternatively, classical quantitative-structure-activity re-
lationship (QSAR) models can also provide insights into key physicochemical
properties of PFAS for risk assessment (Lampic and Parnis, 2020). Computa-
tional strategies that integrate chemometrics (molecular dynamics simulation),
machine learning (multitask neutral networks) (Cheng and Ng, 2019), statis-
tics (QSAR), and bioinformatics (multi-omics) (Jiang et al., 2021; Lee et al.,
2021) are needed to expedite risk assessment of a single as well as mixed PFAS
compounds. A more standardized approach that can generate the needed infor-
mation for the “big data” computational analyses is a prerequisite.

Managing and remediating PFAS contaminated sites remain largely challenging
partly due to the persistence and recalcitrance of PFAS in subsurface environ-
ments. Complexity of geological media such as the presence of co-contaminants
(e.g., NAPLs including petroleum hydrocarbons and possibly chlorinated sol-
vents) further entangles the remedial processes and often compromises the re-
mediation efficiency (Leeson et al., 2021; Silva et al., 2019). While various
ex situ destruction techniques such as sonolysis, electrochemical oxidation, su-
percritical water oxidation, photocatalysis, and advanced reduction technology
have shown promising results, most studies were performed at small laboratory
scales with high treatment costs (Nzeribe et al., 2019). Field trials considering
the impacts of NAPLs and hydrogeological and environmental parameters (e.g.,
water flow, redox condition, and presence of natural organic matter) need to
be performed to evaluate the efficacy of different treatment techniques in situ.
Sustainable and cost-effective techniques need to be pursed from the long-term
perspective for contaminated site remediation.
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